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ABSTRACT

How, where, and why carbon (C) moves into and out of an ecosystem through time are long-standing 

questions in biogeochemistry. Here, we bring together hundreds of thousands of C-cycle observations 

at the Harvard Forest in central Massachusetts, USA, a mid-latitude landscape dominated by 80–120-

year-old closed-canopy forests. These data answered four questions: 

 (i) where and how much C is presently stored in dominant forest types; (ii) what are current rates of 

C accrual and loss; (iii) what biotic and abiotic factors contribute to variability in these rates; and (iv) 

how has climate change affected the forest’s C cycle? Harvard Forest is an active C sink resulting 

from forest regrowth following land abandonment. Soil and tree biomass comprise nearly equal 

portions of existing C stocks. Net primary production (NPP) averaged 680–750 g C m-2 yr-1; 

belowground NPP contributed 38–47% of the total, but with large uncertainty. Mineral soil C 

measured in the same inventory plots in 1992 and 2013 were too heterogeneous to detect change in 

soil-C pools; however, radiocarbon data suggest a small but persistent sink of 10–30 g C m-2 yr-1. Net 

ecosystem production (NEP) in hardwood stands averaged ~300 g C m-2 yr-1. NEP in hemlock-

dominated forests averaged ~450 g C m-2 yr-1 until infestation by the hemlock woolly adelgid turned 

these stands into a net C source. Since 2000, NPP has increased by 26%. For the period 1992–2015, 

NEP increased 93%. The increase in mean annual temperature and growing season length alone 

accounted for ~30% of the increase in productivity. Interannual variations in GPP and NEP were also 

correlated with increases in red oak biomass, forest leaf area, and canopy-scale light-use efficiency. 

Compared to long-term global change experiments at the Harvard Forest, the C sink in regrowing 

biomass equaled or exceeded C cycle modifications imposed by soil warming, N saturation, and 

hemlock removal. Results of this synthesis and comparison to simulation models suggest that forests 

across the region are likely to accrue C for decades to come but may be disrupted if the frequency or 

severity of biotic and abiotic disturbances increase.

KEYWORDS

forest ecosystems, ecosystem ecology, carbon cycling, net primary production, gross primary 

production, belowground production, disturbance, eddy covariance, permanent plots, climate change, 

long-term ecological researchA
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INTRODUCTION

Understanding how, where, and why C moves through an ecosystem is a long-standing goal in 

biogeochemistry (e.g., Brown and Escombe 1902, Isaac and Hopkins 1937, Kira and Shidei 1967, 

Raich and Nadelhoffer 1989, Ryan et al. 1997, Litton et al. 2007). It is an especially important 

present-day issue because forest C balances both affect and are influenced by climatic and 

atmospheric changes such as warming and rising concentrations of atmospheric CO2 (Melillo et al. 

1990, Schimel 1995). Understanding feedbacks between forests and the atmosphere is key to 

understanding whether, how, and for how long the terrestrial biosphere will continue to mitigate 

anthropogenic CO2 emissions.

Eastern North American forests have accumulated significant C in recent decades (Urbanski et al. 

2007, Pan et al. 2011, Williams et al. 2012, Fahey et al. 2013, Eisen and Barker Plotkin 2015). 

Recovery from agricultural abandonment and intensive forest harvesting is considered the primary 

driver of this sink along with episodic disturbance such as the 1938 hurricane (Albani et al. 2006, 

Thompson et al. 2011, Duveneck et al. 2017). As many forests in this region mature, it is relevant to 

ask how long they will remain C sinks. Will the sinks disappear as predicted by original theories of 

forest development because photosynthetic C gain is offset by growing respiratory costs (Kira and 

Shidei 1967, Odum 1969)? Or, in the absence of large-scale disturbance, will these mature forests 

remain C sinks long into the future (Carey et al. 2001, Pregitzer and Euskirchen 2004, Zhou et al. 

2006, Luyssaert et al. 2008)? 

Most research attributes the C sink to the growth of woody biomass. Soil C is lost as a result of row 

crop agriculture and grazing (Sanderman et al. 2017). In the 18th and 19th centuries, row crop 

agriculture and livestock grazing were active land uses in New England. There is evidence that 

regrowth following land abandonment contributes to a persistent C sink (Barford et al. 2001, Urbanski 

et al. 2007), but to what extent and whether C also accumulates in soils remains uncertain (Compton 

and Boone 2000, Gaudinski et al. 2000, Sierra et al. 2012). 
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While forests are regrowing from land abandonment, atmospheric chemistry and climate are 

changing. In Massachusetts since 1900, atmospheric CO2 has increased 38% (Sargent et al. 2018). 

Atmospheric N deposition more than doubled, but is now declining in response to air quality 

regulations (Bowen and Valiela 2001, Waller et al. 2012). Since 1964, the average annual temperature 

in central Massachusetts has increased 1.5 °C and total precipitation has increased by 188 mm (SRCC 

2019). These factors, alone or together, are likely to affect the C cycle. Indeed, longer growing 

seasons (Richardson et al. 2010, Yang et al. 2012, Keenan et al. 2014), CO2 fertilization (Keenan et 

al. 2016, Williams et al. 2016), enhanced water-use efficiency (Keenan et al. 2013), atmospheric N 

deposition (Frey et al. 2014), and increasing moisture availability (Schwalm et al. 2011, Pederson et 

al. 2013) are variously implicated in the increasing rate of C accumulation in New England forests.

The Harvard Forest in central Massachusetts, USA, is one of the most intensively studied forests in 

the world. Its land-use history of harvesting and agricultural land clearance, reforestation, and 

subsequent partial harvesting is well-documented and similar to that experienced by much of eastern 

North America (Foster and Aber 2004). This Long-Term Ecological Research (LTER) site is home to 

more than a century of study and three decades of intensive measurements of forest compositional and 

structural change, and C fluxes between the forest, the soil, and the atmosphere (Fig. 1). 

A cornerstone of C-cycle research at the Harvard Forest are continuous measurements of forest-

atmosphere exchanges of CO2 that began in 1990 in a mixed hardwood-conifer forest. In a seminal 

paper, Wofsy et al. (1993) showed that net C uptake in regrowing forests exceeded those assumed for 

temperate forests at that time. This paper lead, in part, to the hypothesis that global changes such as 

rising atmospheric CO2 and N deposition may be enhancing the terrestrial sink for atmospheric CO2 

above that due to land-use change. It also catalyzed interest in developing long-term, whole-

ecosystem free-air CO2 enrichment studies to assess the validity of the CO2 fertilization and N 

deposition hypotheses (DeLucia et al. 1999, Finzi et al. 2007, Reich et al. 2014). Their paper was 

followed by an analysis of eight years of C-flux data (Barford et al. 2001) that documented large 

interannual variations in forest-atmosphere fluxes of C, which they related to growing season length 

and cloudiness. It also showed comparatively small year-to-year variations in woody biomass A
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increment and the potential importance of C allocation, particularly to storage compounds, in 

explaining the difference between the variability in tree growth and that of C exchange. A third study 

by Urbanski et al. (2007) published 13 years of forest-atmosphere CO2 exchange at the Harvard 

Forest (1992–2004). They found that net C uptake by the forest nearly doubled during this 13-year 

period, which they correlated with increases in leaf-area index, midsummer photosynthetic capacity 

and the growth of red oak as a canopy dominant. The doubling of C uptake was a surprising result 

because the changes in the driving variables— e.g., atmospheric CO2 concentration and N deposition, 

leaf area index, and growing season length— did not appear to change by a similar magnitude nor 

could present-day biogeochemical models simulate the observed increase. 

A long-term, site-based analysis of these eddy-flux observations has not been published since 2007 

and hence a major goal of this synthesis paper is to explore how C fluxes have evolved in this mixed 

hardwood-conifer site over the period 1992–2015. Two additional eddy-flux towers in an old hemlock 

and young hardwood forest, and a recent synthesis of soil respiration measurements (Giasson et al. 

2013), expand our understanding of ecosystem C flux. A large portfolio of permanent plots provides 

detailed information on C storage and fluxes in live biomass, dead biomass, and soils, and how 

storage and uptake have changed over the past quarter-century. A meteorological station on site, 

ecophysiological studies, and remote sensing data allow investigation of biotic and abiotic factors that 

potentially control variation in C cycling.

The Harvard Forest hosts several global change experiments designed to simulate soil warming (e.g., 

Melillo et al. 2017), atmospheric N deposition (e.g., Nadelhoffer et al. 1999a, b, Frey et al. 2014), and 

invasive insects (Orwig et al. 2013). Each of the experiments pushes the forest in a new direction with 

consequences for C cycling. Twenty-six years of soil warming at the Harvard Forest resulted in an 

enhanced rate of soil respiration and a putative loss of soil C of 17% at an average, annualized rate of 

60 g C m-2 yr-1 (Melillo et al. 2017). Interestingly, the increase in soil respiration was marked by four 

phases. Two phases were characterized by substantial increases with warming, which alternated with 

two phases when there was no significant effect of warming on soil respiration. Similarly, a 20-year 

study simulating the effects of N deposition found substantial increases in biomass and soil C storage A
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in hardwood stands. These stands sequestered C above that in control plots at an average annual rate 

of 125 g C m-2 yr-1 with a fertilization rate of 50 kg N ha-1 yr-1, and 460 g C m-2 yr-1 at a fertilization 

rate of 150 kg N ha-1 yr-1 (Frey et al. 2014). Most of the additional C was sequestered in biomass, and 

in the surface soil as a result of reduced rates of organic matter decomposition, but some was also 

sequestered in deep mineral soil in the N15 treatment (Nadelhoffer et al. 1999a, Frey et al. 2014). In 

red pine plantations, fertilization with N did not result in soil C accumulation. At the high level of 

fertilization, red pine trees died, indicating that extreme N deposition has the capacity to 

fundamentally change the C cycle of forests dominated by red pine. It is unknown, however, how the 

magnitude of changes in the C cycle elicited by the experimental studies compare to the rate of C 

sequestration owing to forest regrowth following land-use change. Thus, as a part of this synthesis, we 

make explicit comparisons of C gains and losses from the experiments to present-day estimates of C 

sequestration by the forest ecosystem.

Integrating site-based, long-term data sets (e.g., Fahey et al. 2005) provides the opportunity to 

separate the contributions of C accumulation into internal drivers of ecosystem development (i.e., 

regrowth and structural and compositional changes following disturbance, nutrient cycling) and global 

change drivers (e.g., temperature, CO2, invasive insects, atmospheric deposition, land use). For 

example, Keenan et al. (2013) suggested that increases in C uptake at the Harvard Forest was in part 

attributable to increases in water-use efficiency associated with the rise in atmospheric CO2. 

Similarly, Keenan et al. (2014) suggested that warming-induced increases in growing season length 

also contributed to the increase in C uptake. How and whether these patterns persist are a key point 

for discussion in the present manuscript.

Here, we bring together hundreds of thousands of observations on the C cycle for the Harvard Forest 

in central Massachusetts, USA, a mid-latitude landscape dominated by closed-canopy forests 80–120 

years old. We synthesized these data to answer four key research questions in C-cycle science: (i) 

where and how much C is presently stored in dominant forest types; (ii) what are rates of C accrual or 

loss from 1992–2015, the period of intensive measurements; (iii) what biotic and abiotic factors 

contribute to variability in these rates; and (iv) is there evidence that climate change is affecting the A
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magnitude and seasonality of the C fluxes? We then placed these results into context. We compared 

the magnitude of change in the C cycle from forest regrowth and recent climate change to published 

results from three long-term global change experiments at the Harvard Forest: soil warming, N 

saturation, and hemlock removal. Finally, we evaluated to what extent the C stocks and accrual rates 

in the 1500 ha Harvard Forest represent forests in the surrounding ecoregion. 

METHODS

Site overview 

The ~1500 ha Harvard Forest is in the New England Upland physiographic region of north-central 

Massachusetts (42.5° N, 72.2° W). Elevation across the Harvard Forest ranges from 220 m to 410 m 

above sea level. Soils are primarily stony, acidic glacial tills that overlay metamorphic bedrock. The 

climate is cool and moist; based on data from 1961–1990, July mean temperature is 20.1 °C, January 

mean temperature is −6.8 °C, and the 1066 mm average annual precipitation is distributed evenly 

throughout the year (Greenland and Kittel 1997). 

Since its establishment in 1907, the Harvard Forest has been a long-term forestry and ecological 

research site. It is part of several major research networks including the LTER program, the National 

Ecological Observatory Network (NEON), AmeriFlux, and the Forest Global Earth Observatory 

(ForestGEO). Research infrastructure includes three eddy-flux towers, a network of phenology 

observation sites, two gauged headwater streams, a meteorological station, long-term experiments, 

permanent plots, and extensive records of land-use history and ecological dynamics. The research 

program integrates historical and reconstructive studies, long-term measurements, large experimental 

manipulations, and local to regional modeling (Foster and Aber 2004).

Major forest types include oak–maple (Quercus rubra–Acer rubrum), eastern hemlock (Tsuga 

canadensis), and red maple (A. rubrum), with some oak–pine (Q. rubra–Pinus strobus) stands and 

remnant conifer plantations (Motzkin et al. 1999). Many stands contain multiple age cohorts, but 

overall forest age as of 2015 was mainly 80–120 years. A few trees exceed 200 years in age. Nearly 

all the forests in the region are second-growth as a consequence of repeated harvesting and A
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agricultural clearing that peaked in the mid-1800s, followed by regional reforestation (Foster and 

Aber 2004). In 1938, a major hurricane damaged 70% of the standing timber of the Harvard Forest. 

More limited natural disturbances have included a major gypsy moth (Lymantria dispar) outbreak in 

1981, ice storms, wind damage, and the recent establishment and spread of the hemlock woolly 

adelgid (Adelges tsugae, HWA). Recent timber harvesting (1990–2014) rates at the Harvard Forest 

averaged 0.4% of the forest land per year, removing an average of approximately 590 m3 per year 

(Harvard Forest Archives). This is a lower frequency of harvesting disturbance than the surrounding 

regions (Worcester Plateau and Lower Worcester Plateau ecoregions), where about 1.4% per year was 

harvested (mostly at low to moderate intensity) during 1984–2015 (McDonald et al. 2006, Thompson 

et al. 2017).

Data sources

The Harvard Forest has an extensive portfolio of permanent forest plots and experiments, many with 

consistent measurements initiated when the LTER program began in 1988 (Fig. 1). Data sets, 

including those used in this analysis (Appendix S1: Tables S1 and S2) and associated code, are freely 

available via the Environmental Data Initiative Data Portal (see Data Availability). Unless otherwise 

noted, we used measurements only from closed-canopy forests. The notable exception is the use of 

eddy-covariance data from a recently clear-cut site to understand rates of C cycling in a rapidly 

aggrading stand. For the purposes of C budgeting, we excluded data collected from experimental 

treatments but retained data from their corresponding control plots. We also compared our C cycle 

synthesis to published syntheses of global change experiments based at the Harvard Forest (Fig. 1). 

See Table 1 for abbreviations and acronyms used in the paper.

Climatic and atmospheric data sets

Data for temperature and precipitation from 1964–2015 are available from an on-site meteorological 

station. When available, we used meteorological data collected at the three eddy-flux towers included 

in this analysis. For variables that were not measured at the towers themselves (e.g., precipitation), we 

used the Harvard Forest meteorological station data. We filled gaps in data series by determining the 

relationship between the variable of interest and the same variable measured at other sites, namely the A
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Environmental Measurement Site (EMS), hemlock (HEM), and clear-cut (CC) flux towers, and the 

Harvard Forest meteorological station. We ranked the relationships by quality-of-fit of the regressions 

and used them to fill gaps in the master data sets. Meteorological variables used in this analysis 

include air temperature, soil temperature at 10 cm (HEM, CC tower site) or 20 cm depth (EMS), 

photosynthetic photon flux density, soil water content, vapor pressure deficit, and precipitation.

To examine temporal trends in other global change factors during the study period, we used publicly 

available atmospheric data, including annual mean CO2 concentration measured at the Mauna Loa 

Observatory (Tans and Keeling 2019), ground-level O3 concentration recorded in Ware Center, MA, 

25 km south of the Harvard Forest (EPA 2019), and total N and SO4
2- deposition observed at the 

Quabbin Reservoir, 17 km southwest of the Harvard Forest (NADP 2019).

Plot-based measurements of carbon pools and fluxes

We used measurements of trees, dead wood, litterfall, soil C, fine root biomass, and root exudates 

from permanent plot studies and control plots of long-term experiments to estimate current C stocks 

and temporal trends in C stocks and fluxes. Plot size and number varied by project; since the Harvard 

Forest is the study site, each plot was considered a replicate sample within the study site, with all units 

standardized to g C m-2 (pools) or g C m-2 yr-1 (fluxes). Estimates of C flux used varying numbers of 

plots for each year, depending on the sample frequency of the different studies. Plots were grouped as 

“hardwood” (mostly oak–maple, along with some maple–birch–ash) or “hemlock” based on a cluster 

analysis (Fig. 1b; R version 3.3.1, k-means function) of the most recent measurement of biomass by 

species for each plot. We excluded plots in plantation forests from this synthesis; plantations (mainly 

Pinus resinosa, Picea glauca, and Picea abies) are a small and declining component of the Harvard 

Forest (< 5% of the land base) and southern New England in general. Pine–oak is another minor forest 

type at the Harvard Forest, but none of the plots with tagged trees were of this forest type, so these 

were not included in our analyses.

Trends in live tree biomass (aboveground and coarse roots)
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Individual tree measurements from nine studies using repeated measurements from 1988–2015 (115 

plots total) were used to characterize live tree C stocks (Appendix S1: Table S3). The studies varied in 

plot size (from ~120 m2 to 3 ha), number of plots (1–60), and measurement frequency (mostly annual 

to decadal). The suite of 34 plots (each 314 m2) in the EMS tower footprint were first measured in 

1993, and tree growth and mortality have been censused annually since 1998. Plots from other studies 

added data for other forest types and locations in the Harvard Forest. Most of these were censused 

every 5 or 10 years. One large (2.9 ha) plot has been censused about every decade since 1969. The 

minimum tree size included varied by study, from 2.5 to 10 cm diameter at breast height (DBH). This 

is a minor source of variation among studies, because small trees contribute very little to plot-level 

metrics of C storage and increment. However, estimates of percent mortality used a common 

minimum DBH of 10 cm, since mortality was more frequent in smaller diameter classes (Appendix 

S1: Fig. S1). Data from the most recent measure of each plot (varied by project, 2008–2015) were 

used to calculate current C storage in aboveground and coarse root biomass. We calculated 

aboveground increment, coarse root increment, and mortality using the subset of nine studies (60 

plots) that tracked individual tagged trees and had ≥ 10 years of measurements.

We estimated whole-tree aboveground biomass using species-specific allometric equations (43 

species in total, Appendix S1: Table S4). Most of the equations excluded the stump and root crown 

and included foliage, but there were some exceptions. We developed new allometric equations for 14 

of the most common species using a Bayesian data analytic approach that ‘fuses’ above-stump 

biomass equations presented in Jenkins et al. (2004; Dietze 2015). These 14 species represented 88% 

of the individual live tree measurements in the database (>120,000 measurements total). The biomass 

of the remaining 29 species was estimated using allometric equations chosen from a variety of sources 

based on: a) availability of data for that species, b) equations developed for the range of diameters 

represented in our data set, and c) geographic proximity. We estimated C content as 50% of dry 

woody biomass for all species. Using parameters and equations of Jenkins et al. (2003), we estimated 

coarse root biomass for each tree based on a proportion of the aboveground biomass that varied based 

on diameter and species group. Total tree biomass (aboveground + coarse roots) reported here 

excludes the stump and root crown, so is a slight underestimate of this pool.A
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Fine litterfall (foliar and non-foliar)

Foliar litterfall was collected in ten different studies (Appendix S1: Table S5). Litterfall of fine, non-

foliar material (e.g., twigs, bark, flowers, acorns, etc.) was reported in four of those studies. One study 

reported only total (foliar + non-foliar) litterfall and no study reported branchfall. Because litterfall 

was generally collected more than once per year, annual litterfall was calculated as the total mass of 

fine litter material collected between August and the subsequent July. For plots with multiple litter 

baskets, the mean litterfall per plot was used as the unit of replication. We measured C content of 

leaves and it averaged 50% of dry biomass for all species, so litterfall mass was converted to litterfall 

C content using a C content of 50%.

Woody debris and standing dead wood

Coarse (diameter > 7.5 cm) and fine (0.6–7.5 cm) woody debris and standing dead wood were 

measured in 4, 4, and 3 studies, respectively (Appendix S1: Table S6), using either the line transect or 

fixed-radius plot method (Harmon and Sexton 1996). The data sets used contained woody debris mass 

but no information on C content. Thus, to estimate the C content of the dead wood, we used the 

percent C content of hemlock coarse woody debris, stumps, and snags measured by Raymer et al. 

(2013) and of red oak woody debris published by Currie and Nadelhoffer (2002). We calculated the 

mean percent C content of each decay class for conifers and deciduous trees, and used it to convert 

dead wood mass into C content for the hardwood and hemlock plots of all studies. For samples in 

which the decay class was not noted, we used the average percent C content of the five decay classes.

Soil carbon

Soil organic C content was the most widely measured belowground C pool. It was measured in 17 

studies over a variety of forest types, topography, and drainage conditions (Appendix S1: Table S7). 

Organic horizon soil monoliths (of surface area generally 10 × 10, 10 × 20, 15 × 15, or 20 × 20 cm) 

and mineral soil cores (5 or 10 cm diameter, collected using a hammer corer or power auger, 

respectively) were brought back to the lab. Samples were sieved to remove rocks and roots, 
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homogenized, and then dried and ground into a fine powder before dry combustion in an elemental 

analyzer to determine soil organic C content.

Most of the measurements were of the organic horizon or the top 15 cm of the mineral soil, but in 

eight studies samples were also collected deeper in the mineral soil (Appendix S1: Table S7). In 

studies where mineral soil C content was not measured at 15 cm increments (e.g., 10 cm increments), 

we estimated the C content of a hypothetical 15 cm-thick soil layer by evaluating the distribution of C 

through the soil profile (regressing C content against depth) and extrapolating the C content of 15 cm-

thick soil layers.

Fine root biomass

Fine root (diameter < 2 mm) biomass and C content were measured in eight studies (Appendix S1: 

Table S8). As with mineral-soil C content, most measurements were from the organic horizon or the 

top 15 cm of the mineral soil. Only two studies provided deeper measurements in a hemlock stand, 

and one in a deciduous stand. Samples were collected using the same methodology as for soil C 

content. Roots were picked manually. Most studies did not separate live and dead roots, so these were 

pooled together if reported separately. Roots were then washed, dried, and weighed to obtain the dry 

root biomass content of the samples. In some studies, roots were ground into a fine powder and 

combusted in an elemental analyzer to determine root percent-C content, which was used to convert 

root biomass into total root C. For studies where root biomass was known but not root C content, we 

used root percent C content measured in other studies located in the same or other closely located 

plots to convert biomass to C stock. When C concentration data were unavailable, we used 43% C 

content as the conversion factor, the average of the fine root data available.

Dissolved organic carbon export

Dissolved organic carbon (DOC) in stream water was measured during one year in Arthur Brook on 

the Prospect Hill Tract of the Harvard Forest. Water was sampled (n = 125) and DOC concentration 

was quantified using a TOC analyzer. The annual export of DOC by the headwater stream was 

estimated as the product of DOC concentration and streamflow (Wilson et al. 2013).
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Root exudates

Two studies reported root C exudation (Brzostek et al. 2013, Abramoff and Finzi 2016). In both cases, 

exudates were collected using a modified version of the method developed by Phillips et al. (2008). In 

brief, live roots were carefully excavated, washed, and incubated overnight in a moist soil-sand 

mixture while remaining attached to the tree. Roots were then placed into glass cuvettes filled with 

glass beads and a C-free nutrient solution for 24 hours prior to exudate collection. At the time of 

collection, the now exudate-containing nutrient solution was extracted with two additional flushes of 

C-free nutrient solution to ensure complete recovery of the exudates. Samples were frozen at −20 °C 

until analysis for organic carbon content on a TOC analyzer. The daily rate of root exudation was 

converted to annual fluxes by multiplying the mean daily flux by the mean number of days in the 

growing season.

Correction for rock content

Because the belowground measurements were based on soil samples containing no large rocks, we 

corrected the data to account for soil rock volume when not already done for a project. Soil rock 

fraction was measured in two 0.5 m3 pits located in a hemlock stand (Raymer et al. 2013) and 70 plots 

from five different studies in deciduous stands (Borken et al. 2006, Lajtha et al. 2014, Frey et al. 

2014).

Aboveground net primary production 

Aboveground net primary production (ANPP) was calculated as the sum of aboveground increments, 

recruitment, and foliar litterfall for each measurement interval. The biomass increment of new recruits 

was based on the biomass of the tree in the first year it grew above the minimum diameter minus the 

biomass of the tree at the minimum diameter (Clark et al. 2001). Any growth of trees that died 

between two consecutive measurements was not included. We used total litterfall from the five 

studies with > 5 years of total (foliar + non-foliar) annual litterfall measurements. As is true for most 

studies in forested ecosystems, ANPP is likely underestimated by excluding the following 

components: branch turnover, woody increment and turnover of shrub and herbaceous vegetation, 

reductions in litterfall-measured foliar turnover due to herbivory and possibly some decomposition in A
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the baskets, and changes in non-structural carbohydrates (Clark et al. 2001, Chapin et al. 2006, 

Ouimette et al. 2018). None of the plots included in the analysis was subject to timber harvest during 

1992–2015 (although data from an eddy-flux tower sited in a recently harvested site is part of this 

overall study), so removal by timber harvest was not a flux considered in the plot-based ANPP 

calculations.

We examined trends over time for the components of ANPP in the suite of hardwood plots for the 

period 1998–2014, and in the suite of hemlock plots for the period 2005–2014. In addition to the 

combined analysis of ANPP across studies, we examined annual woody biomass increment for a 

longer period, 1960–2011, using tree-ring analysis in two hardwood stands on the Prospect Hill tract. 

All trees ≥ 10 cm DBH were surveyed and cored in five 13 m radius (531 m2) plots (two in one stand, 

and three in the other). We calculated annual biomass increment for each stand and then averaged 

those results to get annual biomass increment. For detailed methods see Dye et al. (2016). The 

correlation between growth and climate for Quercus rubra and Acer rubrum, the two species 

producing the most biomass in these plots, was calculated using annual radial growth indices and 

monthly climatic variables from prior June through current August from 1920–2012. The ARSTAN 

chronology was used for this analysis of tree sensitivity to climate (Cook and Krusic 2005).

Belowground net primary production

Belowground net primary production (BNPP) was calculated as the sum of fine and coarse root 

production, fine root turnover, and root exudation. There are three published estimates of fine root 

production plus turnover (i.e., root NPP) for oak-dominated hardwood stands at the Harvard Forest. 

Gaudinski et al. (2010) used radiocarbon data to estimate fine root NPP at 72 g C m-2 yr-1. 

McClaugherty et al. (1982) used sequential coring to estimate fine root NPP at 270 g C m-2 yr-1 

(assuming 50% C content). Abramoff and Finzi (2016) used minirhizotrons to estimate fine root NPP 

and turnover time, which we applied to the far broader data set of fine root biomass available in this 

paper. In particular, fine root turnover time (FRturnover time, yr) was estimated for the hemlock and 

hardwood stands by dividing the mean fine root biomass (FRmass, g C m-2) by fine root production 

(FRproduction, g C m-2 yr-1) estimated from minirhizotrons. For the hemlock stand, FRturnover time was A
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calculated using FRproduction values for 2012, before the hemlock started declining in vigor because of 

the hemlock woolly adelgid infestation. In the hardwood stand, the installation of 6 out of 10 

minirhizotron tubes in the fall of 2012 might have increased root growth rates in subsequent years due 

to the severing of roots during tube placement. Thus, to minimize the potential for overestimation, 

FRturnover time was calculated using FRproduction values for 2014, the second year after tube installation 

and the most recent data available. Abramoff and Finzi (2016) estimated fine root turnover times for 

oak and hemlock of 1.25  1.40 yr and 2.51  1.88 yr, respectively. Fine root NPP was then estimated 

as fine root biomass divided by turnover (pool / flux method, Schlesinger and Bernhardt 2013). This 

results in estimates of 333  385 g C m-2 yr-1 and 218  174 g C m-2 yr-1 for oak- and hemlock-

dominated forests, respectively.

Unfortunately, there is no simple or straightforward method for determining which of the estimates is 

closest to the true value (Strand et al. 2008, but see Tierney and Fahey 2002). The minirhizotron study 

reported here is particularly good at observing the production of fast-turnover fine roots but is 

sensitive to the amount of time since minirhizotron tubes were installed and technical considerations 

related to depth of view and root architecture to extrapolate to units of g C m-2 yr-1. The sequential 

coring technique can provide time-resolved estimates of root biomass and root production but is likely 

to miss the population of roots that were produced and turned over between the time soil cores are 

collected (c.f., Fahey and Hughes 1994). It also includes substantial spatial variability in its estimate 

because one cannot sample the same location more than once. Radiocarbon provides very precise 

estimates of root age and turnover times but may be biased by the assumption of a constant 

probability of root mortality regardless of age or order (Tierney and Fahey 2002), and stored or 

recycled carbohydrates (i.e., “older” C) that may contribute to the production of roots years after the 

C was fixed. No one method works perfectly for estimating fine root production. Therefore, in this 

study we chose to present the average rate of fine root NPP from three studies.

Soil respiration

Soil respiration (Rs) has been measured at the Harvard Forest using a combination of manual and 

automated soil respiration chambers for over 20 years. We previously published a synthesis of > 

100,000 observations of soil respiration measurements collected through 2010 at the Harvard Forest A
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(Giasson et al. 2013). For this paper, we extended this data set through 2015 using an empirical 

function relating Rs to soil temperature (Fig. A4 in Giasson et al. 2013). 

Eddy covariance measurements

Ecosystem-scale CO2 fluxes have been measured continuously since 1992 at the Harvard Forest’s 

EMS tower, since 2004 at the HEM tower, and since 2009 at the CC tower using the eddy covariance 

(EC) technique. The EMS tower samples from a mosaic of oak–maple stands established between 

1900–1945 with small components of eastern hemlock, white pine (Pinus strobus), planted red pine 

(Pinus resinosa), and a shrub swamp (Urbanski et al. 2007). Most of the footprint was historically 

cleared for pasture, with smaller components of permanent woodlot and historically tilled soils 

(Motzkin et al. 1999). The HEM tower is located at the northeast corner of a stand dominated by 

eastern hemlock 100–230 years old and large white pine (Hadley and Schedlbauer 2002, Hadley et al. 

2008). The sector from 180° to 270° overlaps the hemlock-dominated stand. Most of the forest in the 

hemlock sector has never been cleared for agriculture but was used as a woodlot during the 1700s and 

1800s and was subject to partial harvests into the 20th century (Foster et al. 1992). The sector from 

270–180° includes stands of oak and maple, a red pine plantation, and a large forested swamp. Flux 

data are separated into hemlock and non-hemlock based on wind direction being from the hemlock 

sector or not. Defoliation of hemlock by HWA was underway by 2012 (Kim et al. 2017). The CC 

tower is located in an early successional hardwood stand. Formerly a white and Norway spruce (Picea 

glauca and Picea abies) plantation where native hardwood trees had grown into gaps (Williams et al. 

2013), an area roughly 200 × 400 m, which encompasses most of the flux tower footprint, was 

harvested in the fall of 2008. All trees were cut except for a few hardwood seed trees. 

In this study, we analyzed 24 complete years of data (1992–2015) from the EMS tower, 11 complete 

years (2005–2015) from the HEM tower, and 6 complete years of data (2010–2015) from the CC 

tower. EC towers measure net ecosystem exchange (NEE), which is the difference between total 

ecosystem respiration (Re) and photosynthesis that we refer to as gross primary production (GPP):

   Eq. 1eNEE R GPP 

A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

NEE is reported with respect to a vertical coordinate defined as positive upward so that negative 

values of NEE are fluxes of C from the atmosphere to the land surface and as such calculates gains or 

loss of C from the atmospheric pool. This analysis is interested in gains or losses of C from the forest 

itself, so we present the eddy-covariance fluxes using the opposite sign convention, which are 

hereafter referred to as net ecosystem production (NEP):

   Eq. 2eNEP NEE GPP R   

Data collections invariably include measurement gaps owing to unfavorable meteorological 

conditions, instrument calibrations, or malfunctions. Hence, it is standard to gap-fill data sets based on 

well-established numerical methods (Falge et al. 2001, Reichstein et al. 2005) in order to integrate 

fluxes to annual sums. All the approaches used here are based on response functions relating 

respiration to temperature and GPP to light, and excluding data during periods that are too calm (u* 

filter) to generate reliable flux measurements. Analysis of component fluxes to environmental 

variables include only periods when data series were intact and not subject to gap filling.

In this study, we used eddy-covariance data series with the gaps filled by the principal investigator 

(PI); these data sets are available on the Harvard Forest Data Archive website and are referred herein 

as “PI-preferred”. Gaps in the EMS-tower NEE data set represented 59% of the data and were filled 

using the algorithm developed by Urbanski et al. (2007). Data from the CC tower contained nearly 

72% of gaps which were gap-filled following a marginal distribution sampling method. Briefly, 

biweekly mean half-hourly estimates were calculated and assigned to missing values or low quality-

control values. If gaps were still persistent, biweekly mean half-hourly values averaged from one year 

prior to one year after a particular gap of concern were used to fill the gap. NEE was then partitioned 

into Re and GPP following the approach of Reichstein et al. (2005). The NEE series for the HEM 

tower contained only data from 180° to 270°, the region of hemlock dominance. The series therefore 

contained ~70% gaps. Most of the 2004–2007 HEM data, with the main exception of two 

approximately two-month-long gaps, were gap-filled and partitioned by the PI using non-linear 

regression (Hadley et al. 2008). We filled the remaining gaps and completed the partitioning for 

2008–2015 using the Fluxnet-Canada Research Network (FCRN) gap-filling procedure (Barr et al. A
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2004, Amiro et al. 2006) with the same u* threshold estimated by the PI and used to fill gaps in 2004–

2007 data. That method gave good agreement with PI-gap-filled data (Giasson et al. 2013). For both 

the EC and Rs data sets, we used the gap-filled half-hourly or hourly fluxes to calculate daily and 

monthly fluxes. We also calculated annual sums based on “ecological years” beginning on 1 

November, the transition to winter. We estimated aboveground respiration (Rabove) as the difference 

between EC-based Re and chamber-based Rs.

Furthermore, we used two different gap-filling and partitioning algorithms to fill all gaps in the three 

sites’ NEE data series and partition them into NEP, GPP, and Re. This allowed a common comparison 

among annual NEP, GPP, and Re totals of the three sites and to the PI-preferred values. First, we used 

the REddyProc R package V1.0.0 (Reichstein et al. 2016), which uses a seasonally-varying u* 

threshold estimated with the procedure developed by Papale et al. (2006). Second, we filled the same 

gaps using the FCRN gap-filling procedure (Barr et al. 2004, Amiro et al. 2006) with the same 

seasonally varying u* threshold estimated following Papale et al. (2006). The choice of the u* 

threshold is the largest source of uncertainty in eddy-covariance data series (Ellison et al. 2006, 

Papale et al. 2006). Thus, for both the REddyProc and FCRN algorithms, we estimated this 

uncertainty by repeating the u* threshold estimation 200 times on a bootstrapped sample. We reported 

the uncertainty as the 2.5% and 97.5% quantiles of the bootstrapped sample.

Autotrophic and heterotrophic respiration

Autotrophic respiration (Ra), the C respired by vegetation, was calculated as the difference between 

GPP, NPP and soil C sequestration. Root respiration (Rr) was calculated as the difference between Ra 

and Rabove. Heterotrophic respiration, the C emitted by soil microbes and fauna, was calculated as the 

difference between soil respiration (Rs) and Rr.

GPP response to light

To study interannual variations in whole-canopy photosynthetic rates, we characterized canopy-scale 

light-use efficiency (LUE) during the height of the growing season. Non-gap-filled GPP was plotted 
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as a function of PPFD from July 1 to July 31 of a given calendar year. We fitted a rectangular 

hyperbola function to estimate light-response curve parameters:

   Eq. 3max

max

A PPFDGPP
PPFD A







where  is the apparent quantum yield (mol mol-1) and Amax is the ecosystem photosynthetic capacity ∝

(μmol C m-2 s-1).

Plant area index

Plant area index (PAI) was measured within the EMS and HEM flux tower footprints using a LAI-

2000 Plant Canopy Analyzer (LI-COR, Inc., Lincoln, NE, USA). The data are reported as PAI rather 

than leaf area index because they include woody material. Within the EMS tower footprint, PAI was 

measured in the biometric inventory plots in 1998–1999 and 2005–2015. It was measured at least 

monthly in mid-summer and more frequently in spring and fall during leaf out and senescence. Within 

the HEM tower footprint, PAI was measured each August in 2008–2009 and 2012–2016 in 12 plots. 

At the CC site, leaf area index (LAI, which excludes woody biomass) was measured as described in 

Khomik et al. (2014). From 2009–2012, LAI at the CC site was measured by destructively sampling 

all green leaves on representative individuals of dominant species, scanning the area of each leaf with 

a LI-3000 leaf area meter (LI-COR, Inc., Lincoln, NE, USA), and scaling the total leaf area per square 

meter of each species by the areal coverage of each species measured with the line-intercept method. 

In 2013, CC-site LAI was measured with a ceptometer (LI-191, LI-COR, Inc., Lincoln, NE, USA). 

We converted the CC-site LAI to PAI using a site-specific conversion factor of 1.22 on the tree and 

shrub portions of total LAI.

Spring and autumn phenology dates

We estimated the duration of the growing season following the approach of Keenan et al. (2014). 

First, we used singular spectrum analysis to smooth the daily NEP data from the EMS and HEM 

towers. We then determined the maximum daily NEP for each year from the smoothed time series and 

calculated the mean maximum daily NEP for each site. We defined the onset of the growing season as 

the first day of the year when daily NEP exceeded 30% of the mean maximum daily NEP (Richardson A
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et al. 2010, Keenan et al. 2014). Similarly, the last day of the growing season was defined by the 

calendar day when NEP fell below this threshold.

We also used a long-term (1990–present) data set of phenological observations recorded at the 

Harvard Forest (O’Keefe 2015) to estimate the date of bud break (first day when at least 50% of the 

buds on a tree had leaves), full leaf out (90% of the leaves on a tree reached at least 95% of their final 

size), and leaf abscission (leaf coloration; the day when at least 20% of the leaves on a tree had 

changed color). We calculated the average date of occurrence of each phenological event for four red 

oak trees and five red maples, deemed representative of the EMS-tower footprint, or for five hemlock 

trees, representing the HEM-tower footprint, and averaged the results across years (1992–2014).

Change over time in aboveground and soil carbon stocks

We examined the C stocks in live tree biomass and deadwood for trends over time. Changes in live 

tree biomass were estimated as plot-level aboveground growth and recruitment minus mortality. 

Changes in deadwood were examined in the few studies with repeated measurements of downed and 

standing dead wood. We also examined the mortality estimates for trends in mortality inputs over 

time. Finally, we tested for change over time in mineral soil C content in the one study (42 plots) that 

had repeated measures of soil C over time (1992 and 2013); data for only the 0–15 cm mineral soil 

layer were available. The soil C stock data included in this analysis was supplemented by published 

estimates of soil C turnover at the Harvard Forest based on 14C measurements (Gaudinski et al. 2000, 

Sierra et al. 2012, McFarlane et al. 2013). 

Comparison to global change experiments

We compared trends in C fluxes from observational studies to published results from three global 

change experiments at the Harvard Forest: the Prospect Hill Soil Warming Experiment (established 

1990; Melillo et al. 2017), the Chronic Nitrogen Amendment Study (established 1988; Aber et al. 

1989, Frey et al. 2014), and the Hemlock Removal Experiment (established 2004; Ellison et al. 2010, 

Orwig et al. 2013). We updated data from the Hemlock Removal Experiment that were presented in 
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Orwig et al. (2013) with newer data for litterfall (Barker Plotkin 2017), live biomass (Ellison and 

Barker Plotkin 2015), and coarse woody debris (Ellison and Barker Plotkin 2018).

Regional comparisons

We evaluated the degree to which forests at the Harvard Forest represent those of the surrounding 

landscape (Fig. 2) in terms of: 1) GPP, and 2) aboveground biomass stocks. Zhou et al. (2018) 

estimated GPP for the Harvard Forest and the surrounding 165 km2 area using the PnET-II ecosystem 

model. After validation of modeled GPP with estimates from the Harvard Forest EMS tower, the 

model was run spatially using remotely-sensed estimates of foliar %N for the Harvard Forest and the 

surrounding 11 × 15 km area. This area was defined by a 2003 aircraft data acquisition from NASA’s 

Airborne Visible / Infrared Imaging Spectrometer (AVIRIS), which was used to generate estimates of 

foliar %N (Ollinger et al. 2008). Foliar %N is a critical input to PnET-II because it determines 

photosynthetic capacity (Aber et al. 1996).

We compared field-measured aboveground biomass stocks from the Harvard Forest with estimates 

obtained from the U.S. Forest Service’s Forest Inventory and Analysis (FIA) plot network. There 

were only 9 FIA plots in the 11 × 15 km area used for the GPP comparison, which showed a mean 

aboveground C of 7,600 g C m-2. Given the small sample size, we also used FIA data from 184 plots 

within the two adjoining U.S. EPA Level IV Ecoregions that surround the Harvard Forest (Fig. 2; 58g 

and 59b; Griffith et al. 2009). Only plots that had not been subject to harvest within the past 

remeasurement period (ca. 5 years) were included, although the effects of timber harvesting over the 

past 5–20 years would be apparent in the biomass estimates from these plots.

Statistical analyses

Calculations and statistical analyses were made using R version 3.3.1 and MATLAB R2017b. The 

standard deviation (SD) of the mean we presented (e.g., Tables 2–4) are the standard variation of the 

mean across all plots from all studies and all measurement years. When adding different components, 

each with an error term, we propagated the errors such as SD = sqrt(SD1
2 + SD2

2 +... + SDn
2). We 

used a two-sample t-test to determine if C pools and fluxes were significantly different between the A
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hemlock and hardwood stands (Tables 2, 3) or between the HEM and EMS tower sites (Table 4). We 

used linear models (lm function, R Core Team 2016) to examine components of NPP and NEP for 

trends over time. We used nonlinear least square regression in Matlab R2017b to fit light-response 

curves (Eq. 3).

RESULTS

Climate and atmospheric trends

Climate data indicated trends of increasing temperature and precipitation (Fig. 3a, b) at the Harvard 

Forest during the study period (1992–2015). The trends included increases in mean annual air 

temperature (MAT; +0.05 °C yr-1; p = 0.0134) as well as in individual seasons. Air temperature 

increased significantly in April–June (0.07 °C yr-1; p = 0.0038), in September–November (0.08 °C yr-

1; p = 0.0014), and in the April–September periods (0.08 °C yr-1; p = 0.0009). Although the 1992–

2015 increase in mean annual precipitation through time was not statistically significant (MAP; +7.4 

mm yr-1; p = 0.2500), there were significant changes in total precipitation during the non-winter 

months. Precipitation from May to October increased by an average of +7.9 mm yr-1 (p = 0.0435). 

When considering the 52-year record from the Harvard Forest meteorological station (1964–2015), 

we detected significant trends in mean annual air temperature (+0.02 °C yr-1; p < 0.001; Fig. 3a) and 

precipitation (+6.9 mm yr-1; p < 0.001; Fig. 3b). The rates of increase in seasonal mean air 

temperature and precipitation were smaller over the 1964–2015 record than over the last two decades 

(1992–2015), with increases in air temperature of 0.02 °C yr-1 in April–June (p = 0.0021), 0.03 °C yr-1 

in September–November (p = 0.0011), and 0.03 °C yr-1 throughout the growing season (April–

September, p < 0.0001) while May–October precipitation increased an average of +5.4 mm yr-1 (p < 

0.0001). Over the 1964–2015 period, the increase in precipitation at the Harvard Forest was larger 

than that reported for the entire central Massachusetts region (+3.7 mm yr-1) whereas the increase in 

temperature was 0.01 °C yr-1 smaller (SRCC 2019).

The atmospheric CO2 concentration measured at the Mauna Loa Observatory has been increasing by 

1.52 ± 0.02 ppm yr-1 since 1959 (p < 0.0001), a trend that rose to 1.96 ± 0.02 ppm yr-1 during the A
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study period (p < 0.0001; Fig. 3c). A decreasing trend (p < 0.0001) in ground-level ozone 

concentration has been observed at a U.S. Environmental Protection Agency monitoring site located 

in a rural setting 25 km south of the Harvard Forest. O3 concentration decreased by 18% between 

1981 and 2015 and by the same percentage between 1992 and 2015 (Fig. 3d). Similarly, measured 

total N and SO4
2- deposition at the Quabbin Reservoir measurement station of the National 

Atmospheric Deposition Program, located 17 km southwest of the Harvard Forest, followed 

decreasing trends over the past several decades (p < 0.0001 and p = 0.0002, respectively). Total N 

deposition decreased by 41% between 1982 and 2015 (Fig. 3e) while SO4
2- deposition declined by 

75% over the same period (Fig. 3f). Total N and SO4
2- deposition decreased by 45 % and 71% 

between 1992 and 2015, respectively.

Changes in forest species composition and biomass

The Harvard Forest has accrued woody biomass as the forest recovered from past agricultural land 

use, timber harvest, and hurricane damage. Measurements in 1937, 1992, and 2013 of 60 plots 

distributed across the Prospect Hill Tract (Fig. 1b) show that red oak represented only 12% of the 

forest biomass in 1937 but came to dominate forest-wide woody biomass (Fig. 4a). In 1937, white 

pine comprised 38% of total biomass at the Harvard Forest (Fig. 4a), but much of this was blown 

down in a major hurricane in 1938 and salvage-logged. We observed modest shifts in species 

composition during the focal study period (1992–2013). Red oak increased its share of total biomass 

from 30% in 1992 to 34% in 2013, whereas red maple decreased from 17% to 14% of total biomass. 

From 1992 to 2013, white pine and hemlock each maintained about 18% of total biomass. Tree-ring 

data indicate that red oak biomass increment has dominated total forest growth since at least 1960 

(Fig. 4b), and red oak’s contribution to total biomass increment increased about 5% from 1992–2012 

(p = 0.003).

Carbon pools

Ecosystem C stock averaged 34,600 ± 5,400 (mean ± SD) and 29,600 ± 4,700 g C m-2 in hemlock and 

hardwood stands, respectively (Table 2). Of this, 44% was in soil C pools to a depth of 45 cm, 40% 

was in live aboveground biomass, ~6% was in woody debris, and ~10% was in root biomass in both A
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stand types. Aboveground live biomass, fine woody debris, coarse and fine roots, and C in the organic 

horizon and 45 cm deep in the mineral soil were all significantly greater in hemlock than in hardwood 

stands (Table 2). The only C pool that was significantly larger in hardwood stands was coarse woody 

debris.

C stocks for individual research projects are summarized for live trees (aboveground plus coarse 

roots), deadwood, soil, and fine roots in Supplemental Tables S3, S6, S7, and S8, respectively.

Carbon fluxes

NPP

Annual NPP for hemlock- and hardwood-dominated forests averaged 746 ± 239 g C m-2 yr-1 and 733 

± 197 g C m-2 yr-1, respectively (Table 3). ANPP was ~54% of NPP, with foliage production 

representing 50–60% of ANPP. BNPP was 349 ± 196 g C m-2 yr-1 and 332 ± 149 g C m-2 yr-1 in the 

hemlock- and hardwood-dominated forests, respectively. Root NPP accounted for ≥ 72% of BNPP 

with the remaining 21–28% accounted for by root exudation (Table 3). For the subset of plots 

surrounding the HEM and EMS tower sites, NPP and its distribution above- and below-ground were 

similar to the forest as a whole (Table 4). For brevity, subtle distinctions between tower plots and the 

entire data set are not described in the text (but compare Table 3 with Table 4).

For the period 1998–2014, mean annual aboveground biomass increment was 200 ± 118 g C m-2 yr-1 

for hardwood-dominated plots (Table 3). Aboveground biomass increment in the hemlock-dominated 

plots averaged 166 ± 99 g C m-2 yr-1. Aboveground biomass increment, based on allometric equations, 

included both woody and foliar increments, whereas foliage production was measured separately. 

Nearly all aboveground biomass accrued on existing stems, as recruitment of new trees was < 1% of 

aboveground biomass increment in all the undisturbed permanent-plot studies.

Total litterfall (a proxy for foliar production) averaged 201 ± 51 g C m-2 yr-1 for hardwood plots and 

231 ± 94 g C m-2 yr-1 for hemlock plots. Litterfall was the only C flux that was significantly different 
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between the forest types (Table 3). It was also significantly greater at the HEM than at the EMS site 

(Table 4).

For the hardwood plots, both biomass increment and annual litterfall increased over the period 1998–

2014 (Fig. 5a, b). Biomass increment was 168 g C m-2 yr-1 in 1998 and increased 7.8 g C m-2 yr-1 (SE 

of slope = 1.22; lm, aboveground and coarse root increment~year, F1,506 = 40.7, p < 0.05). Foliar 

litterfall was 136 g C m-2 yr-1 in 1998 and increased 2.26 g C m-2 yr-1 (SE of slope = 0.37; lm, 

litterfall~year, F1,699 = 37.7, p < 0.05). For the period 2000–2014 (total litterfall data, including foliar 

and woody components, was not available prior to 2000), NPP (excluding fine roots and root 

exudates) increased at a rate of ~9.2 g C m-2 yr-1 from a modeled starting value of 372 g C m-2 yr-1 in 

2000 (Fig. 5c; SE of slope = 3.3; lm NPP~year, F1,13 = 7.7, p < 0.05). Over 14 years, NPP of the 

hardwood stands increased by nearly 130 g C m-2 or ~26%. There were fewer data and years of 

measurement for hemlock-dominated plots. No trends over time were detected in this forest type (Fig. 

6a–c), although decreased foliar production is notable after 2012, as HWA established at the Harvard 

Forest and hemlock health began to decline.

Annual increment of coarse roots averaged 34 ± 20 and 38 ± 23 g C m-2 yr-1 for hemlock and 

hardwood plots, respectively. Fine root production was the largest component of BNPP, averaging 

218 ± 174 and 225 ± 136 g C m-2 yr-1 in hemlock and hardwood plots, respectively (Table 3). Root 

exudates contributed 97 ± 88 (hemlock) and 69 ± 56 g C m-2 yr-1 (hardwood). Neither of these fluxes 

were sampled consistently enough to estimate change over time.

NEP

Eddy-covariance flux estimates of NEP indicated that the EMS and HEM tower sites were net C sinks 

of 298 ± 153 g C m-2 yr-1 and 465 ± 83 g C m-2 yr-1, respectively, before hemlock trees started 

declining because of the hemlock woolly adelgid infestation (Table 4, Fig. 7a). At the EMS site, there 

was an increase in net C uptake for the period 1992–2008 followed by an abrupt decline in 2009–

2011 and return to near average conditions thereafter (Fig. 7b). For the full EMS record (1992–2015), 
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there was a non-significant trend of increasing C uptake with time of 6.9 g C m-2 yr-1 (p = 0.13). Over 

24 years, NEP increased by nearly 168 g C m-2 or ~93%.

NEP during the first 8 years of the 11-year record at the HEM site did not suggest a significant trend 

in net C uptake (Fig. 7b). Beginning in 2013, however, there was a steep decline in NEP following the 

outbreak of the hemlock woolly adelgid at the site. Cumulative NEP indicated that both tower sites 

were growing C sinks until 2014 (Fig. 7a), when the HEM tower site turned into a net C source to the 

atmosphere on an annual basis (Fig. 7b). The CC site was a strong net C source in the years 

immediately after harvest, but it turned into a net C sink on an annual basis in 2013, the fifth year 

after the disturbance (Fig. 7b). By the end of 2015, seven years after harvest, the CC site had regained 

about two thirds of the C it had lost to the atmosphere from on-site decomposition since the harvest 

(Fig. 7a) and it is expected to become a C sink in the next 3–5 years barring major disturbance.

At the EMS site, GPP ranged from 1,176 to 2,133 g C m-2 yr-1 (mean = 1,526 g C m-2 yr-1) and Re 

ranged from 879 to 2,013 g C m-2 yr-1 (mean = 1,228 g C m-2 yr-1; Appendix S1: Table S9). Soil and 

total ecosystem respiration were significantly larger at the EMS site than at the HEM site (Table 4). 

Partitioning of the eddy-covariance fluxes suggested that GPP increased more rapidly than Re for the 

period 1992–2008 at the EMS site (Fig. 7c, d), leading to the site’s growth as a C sink. From 2009 to 

2016 the EMS site remained a C sink but the size of the sink declined to the long-term average of 

~200–300 g C m-2 yr-1 (Fig. 7b). At the HEM site, GPP ranged from 1,083 to 1,614 g C m-2 yr-1 (mean 

= 1,370 g C m-2 yr-1) and Re from 843 to 1,228 g C m-2 yr-1 (mean = 1,022 g C m-2 yr-1; Appendix S1: 

Table S9). Initially, there was no clear temporal trend in the partitioned fluxes at the HEM tower site 

(Fig. 7c, d). Beginning in 2011, however, GPP declined precipitously. At the CC site, GPP ranged 

from 1,171 to 2,339 g C m-2 yr-1 and Re ranged from 1,421 to 2,078 g C m-2 yr-1 (Appendix S1: Table 

S9). GPP generally increased from year to year while Re tended to decrease with time, resulting in a 

steady increase in NEP (Fig. 7).

There was generally good agreement between annual NEP, GPP, and Re estimated with the 

REddyProc, FCRN, or PI-preferred gap-filling and partitioning algorithms (Appendix S1: Fig. S2). At A
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times, one of the methods gave results very different from the others (e.g., EMS-NEP in 2005 and 

2011 [Appendix S1: Fig. S2a], CC-NEP in 2015 [Appendix S1: Fig. S2g]). This was usually in years 

when one or multiple very large gaps (> 40 days) occurred in the data series during the growing 

season, or when a larger proportion of data than usual was missing during the growing season. For 

example, this was the case in 2005 when a storm caused instrument damage.

Interannual variation in mid-summer ecosystem photosynthetic capacity (Amax) was > 2-fold at the 

three tower sites (Fig. 8a–c, Appendix S1: Fig. S3). At saturating light (> 1000 μmol PPFD m-2 s-1) 

GPP varied between 14 and 49 μmol C m-2 s-1 at the EMS site, 5 and 32 μmol C m-2 s-1 at the HEM 

site, and 9 and 45 μmol C m-2 s-1 at the CC site (Fig. 8a–c). There were significant increases in NEP 

with LUE (Fig. 9a) and in GPP with Amax (Fig. 9b). Plant area index varied by 1 m2 m-2 among years 

at the EMS site, reflecting variation in summer leaf area, not branch or stem area as indicated by 

consistent winter PAI minimum (Fig. 8d). GPP increased linearly with PAI at the CC tower site (Fig. 

8e) while NEP increased with PAI at the EMS site (Fig. 9c). GPP per unit leaf area was lowest at the 

HEM tower site (Fig. 8e). Red oak tree-ring increment varied 25% around the 1992–2012 mean, and 

increment was positively correlated with NEP at the EMS tower (Fig. 9d).

Interannual variation in PAI was not significantly related to interannual variation in Amax. Urbanski et 

al. (2007) found a positive correlation between Amax and PAI, but for a limited number of years at the 

EMS tower site. Data collected since then find high Amax for both high and low PAI (Fig. 8, Appendix 

S1: Fig. S3).

There was pronounced seasonality in the respiratory fluxes of C at the Harvard Forest (Fig. 10). At 

the EMS tower site, Re increased with air temperature in the spring following snowmelt and was 

initially driven by aboveground respiration (Fig. 10a). As the soil warmed, peaking an average of 18 

days later than air temperature, belowground respiration came to dominate Re and aboveground 

respiration declined. The initial increase in Re at EMS coincided with increases in tree diameter 

(measured every one to two weeks by dendrometer bands) and the deployment of leaves (Fig. 11). By 

mid-August, aboveground growth was largely complete and the preponderance of Re was from A
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belowground. A similar phenology was observed at the HEM tower site (Fig. 10b) with the exception 

that the spring increase in Re was more equitably distributed between above- and belowground 

respiration. Interestingly, the autumnal increase of aboveground respiration at the EMS site was not 

observed at the HEM tower site.

Tree growth was sensitive to interannual and seasonal variation in both temperature and precipitation. 

Correlations between monthly temperature and precipitation for red oak and red maple (the two 

dominant hardwood tree species at the Harvard Forest) are presented in Appendix S1: Table S10. 

Annual soil respiration (Rs) varied from 628 to 876 g C m-2 yr-1 (Appendix S1: Table S9). Mean 

annual Rs was 738 ± 42 g C m-2 yr-1 and 659 ± 18 g C m-2 yr-1 in hardwood- and hemlock-dominated 

forests, respectively. As a percentage of total ecosystem respiration, Rs accounted for 63 ± 9% of the 

total flux (range: 38–83%, Appendix S1: Table S9).

One year of stream DOC measurements showed an export of 1.72 ± 0.01 g C m-2 yr-1 over the 24 ha 

catchment area (Wilson et al. 2013), two orders of magnitude less than NEP.

Spring and autumn phenology

The duration of the growing season, the period between the first and last day of the year when NEP 

exceeded 30% of the mean maximum daily NEP, increased with time (Fig. 12). At the EMS site, the 

length of the growing season increased significantly at a rate of 0.85 d yr-1 because of both an earlier 

onset (0.38 d yr-1) and a later end (0.47 d yr-1). At the HEM site the length of the growing season 

increased, but not statistically significantly so, at a rate of 2.68 d yr-1 due to an earlier onset (1.51 d yr-

1) and a later end (1.17 d yr-1).

Predictably, there were significant relationships between the timing of the onset and the end of the 

growing season, and the magnitude of seasonal NEP at the EMS site (Fig. 13a, c). On average, an 

earlier onset of the growing season by one day resulted in a 3.6 g C m-2 increase in March–May NEP. 

Likewise, a one-day delay in the end of the growing season corresponded to a 5.3 g C m-2 increase in A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

September–November NEP. The relationships between phenology dates and seasonal NEP were 

statistically significant in the spring but not in the autumn at the HEM site (Fig. 13b, d).

Based on these data, we calculated the contribution of a longer growing season to ANPP and NEP at 

the EMS site as follows. Assuming a growing season length of 120 days per year (Fig. 12) and an 

annual rate of ANPP of 390 g C m-2 yr-1 (Table 4), gives an average daily rate of ANPP of 3.2 g C m-2 

d-1. Given that the growing season length has increased 0.85 days yr-1 (Fig. 12), lengthening of the 

growing season alone accounts for an additional 2.7 g C m-2 yr-1 (i.e., 0.85×3.2 g C m-2 d-1) in ANPP. 

Similarly, NEP at the EMS site was 298 ± 153 g C m-2 yr-1 (Table 4). Given a 120-day growing 

season, the average daily rate of NEP is 2.5 g C m-2 d-1. Lengthening of the growing season therefore 

accounts for an additional 2.1 g C m-2 yr-1 in NEP.

Decadal changes in C stocks

We documented a net increase in ecosystem C in the live-tree pool for hardwood and hemlock forests. 

Based on the nine plot-based studies with multiple tree censuses spanning at least 10 years, net 

accrual of aboveground C (growth + recruitment − mortality; mean ± SD) averaged 150 ± 125 g C m-

2 yr-1 for hardwood-dominated plots and 19 ± 259 g C m-2 yr-1 for hemlock-dominated plots 

(Appendix S1: Table S3). The background annual mortality rate in the permanent plots and 

experimental controls averaged 1.3 ± 0.7%. Smaller diameter trees had a disproportionately high 

mortality rate (Appendix S1: Fig. S1). Annual C loss to mortality averaged 57 ± 162 g C m-2 yr-1 for 

hardwood plots and 124 ± 224 g C m-2 yr-1 for hemlock plots and showed no trend over time in either 

forest type (Appendix S1: Fig. S4). No plot in this analysis experienced timber harvest during the 

period of study, but averaged across the entire Harvard Forest’s ~1500 ha, timber harvest records 

indicated that removals of C in harvested trees averaged ~11 g C m-2 yr-1 during the period of 1990–

2015.

We detected minor and equivocal changes over time in deadwood C pools (Appendix S1: Fig. S5). 

For all hardwood plots with deadwood measurements combined, there was no trend over time in 

standing dead wood stocks. Coarse woody debris (CWD; downed wood > 7.5 cm diameter) pools A
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began at 1,411 ± 241 g C m-2 (p < 0.001) and decreased slightly by −31.2 ± 15.7 g C m-2 yr-1 (p = 

0.049). Fine woody debris (FWD; downed wood 0.6–7.5 cm diameter) pools began at 112 ± 38 g C 

m-2 and increased slightly by 7.2 ± 2.5 g C m-2 yr-1. For the EMS tower plots, CWD had a 

significantly positive slope (69 ± 30 g C m-2 yr-1) in contrast to the overall hardwood trend, and there 

were no changes over time in standing deadwood or FWD. Although we had many one-time 

measurements of deadwood C pools in hemlock-dominated sites and a robust estimate of average 

pools of CWD, FWD, and standing dead wood (Table 2), there were too few repeated measures of 

deadwood measurements to examine trends over time for the hemlock forests overall or at the HEM 

tower site.

Nearly all the studies reporting soil C data were from one or two years of study. As a consequence, 

only data from the PHOREST plots (mineral soil C content sampled in 1992 and 2013 in 42 plots) 

could provide information on changes in soil C pools through time. In this data set, there was no 

apparent net accrual of soil C through time (Appendix S1: Table S11). For the period 1992–2013, soil 

bulk density declined on average 0.05 ± 0.15 g cm-3 whereas soil %C increased on average 0.50 ± 

2.01% such that the total quantity of C in the soil did not change for the period 1992–2013 (Appendix 

S1: Table S11).

Regional comparisons

Based on FIA plot data, aboveground C in the two ecoregions surrounding the Harvard Forest ranged 

from 1,500 to 15,200 g C m-2 with a median of 6,500 g C m-2 (Fig. 2). This is considerably lower than 

the median for the Harvard Forest, 11,600 g C m-2.

The PnET-II estimate of GPP for the region ranged from 797 to 1,622 g C m-2 yr-1 with a mean of 

1,324 g C m-2 yr-1 (Zhou et al. 2018, Fig. 2). Predicted GPP for the Harvard Forest (mean of 1,329 g C 

m-2 yr-1) did not differ from the region-wide mean. The PnET-II estimate of GPP closely matched that 

estimated from the HEM tower fluxes, for the period 2004–2011. For the EMS tower, mean GPP 

predicted by the model was 5.6% lower than the tower-based estimate and the model did not capture 

the observed trend of increasing GPP for the period 1992–2010 (Zhou et al. 2018).A
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DISCUSSION

This work synthesized hundreds of thousands of observations to quantify the C cycle for the Harvard 

Forest in central Massachusetts, USA and to place the Harvard Forest within a regional context. These 

data, collected at a wide range of temporal and spatial scales, consistently described undisturbed 

forests as active C sinks. The climate of the Harvard Forest has measurably changed with increasing 

temperature leading to longer growing seasons and higher precipitation during the growing season. 

There has also been a continuous increase in atmospheric CO2 concurrent with a decline in ground-

level O3, and sulfate and total N deposition. The results of this study alongside simulation modeling 

suggest that land-use abandonment at the turn of the last century, a reduction in forest harvesting, and 

climate and atmospheric changes drive the slow but steady increase in ecosystem C content (Ollinger 

et al. 2002, Albani et al. 2006, Thompson et al. 2011, Duveneck et al. 2017).

Prior to the outbreak of the hemlock woolly adelgid (HWA), C stocks within hardwood- and 

hemlock-dominated stands were not significantly different and nearly equally divided between soil 

and biomass pools. Carbon continued to accumulate, with NEP averaging 298 ± 153 g C m-2 yr-1 in 

hardwood stands and 465 ± 83 g C m-2 yr-1 in hemlock stands prior to the widespread outbreak of 

HWA in 2013. Since 2013, however, hemlock-dominated stands have become a source of C to the 

atmosphere. Whereas direct measurements of soil C stocks showed no change between 1992 and 2013 

(Appendix S1: Table S11), soil radiocarbon studies suggest a small sink on the order of 10–30 g C m-2 

yr-1 (Gaudinski et al. 2000, Sierra et al. 2012). 

Although climate change for the period of intensive measurements reported here (1992–2015) is 

modest compared to predictions for the future, our findings suggest that it has had a discernible 

impact on the C cycle. The progressive lengthening and warming of the growing season through time 

has increased net C uptake in hardwood stands. This is likely reinforced by increasing precipitation, 

CO2 fertilization, increases in water-use efficiency (WUE), and changes in atmospheric deposition 

(Thomas et al. 2010, Keenan et al. 2013). In hemlock stands, a similar phenomenon occurred until 

2013 when a growing regional HWA population led to increased hemlock mortality. Invasive insects A
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alongside other major disturbances (e.g., logging, hurricanes, extreme climate events) are the largest 

threats to continued atmospheric CO2 sequestration at this site.

The present-day carbon cycle

There was a near-equal distribution of total ecosystem C between that in live biomass (~50%) and the 

soil to 45 cm depth (~45%) with the remaining ~5% as woody debris (Table 2). The quantities of C in 

live aboveground biomass and in soil were similar in hardwood- and hemlock-dominated plots, but 

the soil organic horizon in hemlock stands contained ~1500 g C m-2 more than that found in the 

hardwood stands. Root biomass was a small C pool at the Harvard Forest, comprising ~20% of total 

biomass and ~10% of total ecosystem C, consistent with an analysis of global temperate forests in 

which belowground biomass comprised 20–30% of aboveground biomass (Cairns et al. 1997). It was 

also consistent with the Hubbard Brook Experimental Forest in central New Hampshire; there, 

estimated root biomass was ~21% of total biomass (Fahey et al. 2005).

ANPP at the Harvard Forest averaged 390–430 g C m-2 yr-1 and total NPP averaged 680–750 g C m-2 

yr-1 (Tables 3, 4). Root NPP (BNPP; coarse roots, fine roots, root exudates) averaged 47% and 45% of 

total NPP in hemlock- and hardwood-dominated stands, respectively (Table 3). Thus, roots represent 

a major portion of NPP at the site. Unlike aboveground C pools, however, automated measurements 

and inventories of both root and soil C pools are comparatively scarce for the Harvard Forest, and 

indeed most forests. There is therefore great uncertainty in this aspect of the C budget. The estimates 

of root NPP in this study are similar, but by no means identical, to values reported in the literature. 

For healthy hemlock stands, the only estimate of root NPP is that reported here and it is based on the 

work of Abramoff and Finzi (2016). For hardwood stands, we report root NPP of 332 ± 149 g C m-2 

yr-1 (Table 3). This is higher than that reported by McClaugherty et al. (1982; 270 g C m-2 yr-1) and 

Gaudinski et al. (2010; 72 g C m-2 yr-1). 

The substantial variability, particularly the standard deviation of the mean BNPP we report in Tables 

3 and 4, argues that more plots, more samples per plot, and more longitudinal studies are needed to 

constrain these values for the Harvard Forest.
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At present, we estimate that soil C pools are neutral to small sinks for atmospheric CO2. There are, 

however, only two longitudinal studies of soil C at the Harvard Forest. In the first study (PHOREST), 

bulk soil C content was surveyed in 1992 (Motzkin et al. 1999) and again in 2013 (Appendix S1: 

Table S11). This study showed that small and statistically non-significant increases in soil C 

concentration through time were offset by similarly small and non-significant decreases in soil bulk 

density such that there was no net change in total soil C in the top 15 cm of mineral soil in hardwood- 

(n = 31) and hemlock- (n = 11) dominated plots. In the second study, 14C was used to estimate the 

turnover time of different soil C pools (litter, humified, mineral-associated) in well-drained glacial till, 

the most prevalent soil type at the Harvard Forest (Gaudinski et al. 2000). Their radiocarbon mass 

balance estimated a soil-C accrual rate of 10–30 g C m-2 yr-1. This rate may have been more rapid 

immediately following agricultural abandonment in the late 1800s, but nevertheless this approach 

suggests that a small C sink persists in the soil to this day. Adding confidence to the assessment of 

Gaudinski et al. (2000), Sierra et al. (2012) resampled the same soil pits and found close agreement 

with earlier estimates of C pool sizes, fluxes, and turnover times. Although we cannot be sure that 

these data apply to all forest and soil types at the Harvard Forest, the rate of soil C accrual based on 

radiocarbon is consistent with data showing generally negligible to small increases in soil organic 

carbon (SOC) following agricultural abandonment at the Harvard Forest (Compton and Boone 2000), 

in central New England (Hooker and Compton 2003), the Great Lakes region (Morris et al. 2007), and 

North American forests more generally (Nave et al. 2013).

Resolving the uncertainty in SOC change a century into forest regrowth is a major challenge. The 

annual change in SOC, whether positive or negative, is small but the pool of C is large, making it 

difficult to detect a significant change. As a case in point, we collected 77 soil samples (5 cm diam., 

from the soil surface to 30 cm depth in the mineral soil) from hemlock forests surrounding the HEM 

tower to conduct a power analysis for SOC change in the years to come as hemlock declines 

(Appendix S1: Fig. S6). Using Monte Carlo resampling, we estimated that 2,919 samples would be 

required to detect a significant change (p < 0.05) for a relatively large change in SOC of 150 g C m-2. 

For a more realistic change on the order of 20 g C m-2 the number of samples skyrockets to 164,194. 

However, the likelihood of detecting small annual changes in SOC increases if samples are collected A
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many years from one another. For example, to detect a change in SOC of 20 g C m-2 yr-1 over the 21 

years the PHOREST study has been ongoing would require 372 samples for detection at p < 0.05. 

Admittedly, this is a formidable soil processing challenge, but it is possible with sufficient resources 

and time. 

In contrast to an inventory-based approach, the benefit of the radiocarbon approach is that it integrates 

information on the ages of C in different pools (i.e., SOC, roots). These ages can then be transformed 

into residence times and fluxes of C in the belowground system (Gaudinski et al. 2000). The 

radiocarbon approach does, however, require a number of assumptions to calculate C ages, C turnover 

times, production and consumption of litter inputs, and so on, each of which has its own uncertainty. 

So, it too must be used in combination with other approaches to build a comprehensive understanding 

of belowground C cycling. To this end, the recent establishment of a belowground C observatory at 

the Harvard Forest that uses long-term resampling plots coupled with an array of measurements (i.e., 

soil respiration, trenching, Δ14C, δ13C) should deepen our understanding of the belowground C cycle 

at this site.

Seasonal and interannual variations in carbon fluxes

Differences between conifer and hardwood leaf longevity and physiology led to distinct seasonal 

variations in GPP, Re, and the DOY the stands became net C sinks (Fig. 10, Appendix S1: Table S12). 

Atmospheric warming during the transition from winter to spring stimulates ecosystem respiration in 

advance of the uptick in photosynthesis in both forest types. However, it was not until ~1 July at the 

EMS tower that carbon uptake balanced the carbon loss from respiration over the non-growing 

season. By contrast, C uptake at the HEM site balanced C loss from the winter far earlier, on average 

April 3 (Appendix S1: Table S12). At the CC site, this balance occurred around May 11. The earlier 

date of net annual C uptake at the HEM site reflects the persistence of a live, overwinter canopy that 

can actively photosynthesize once temperatures are consistently above 0 °C (Hadley and Schedlbauer 

2002). Although photosynthesis can occur at low temperatures, −5 to −11 °C (Burkle and Logan 

2003), the data suggest this makes a very minor contribution to overall ecosystem C uptake. At the 

deciduous-dominated EMS and CC sites, GPP remained very low throughout the winter, but not A
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necessarily zero because there are some conifers within their footprints. The later DOY for net C 

uptake at the EMS site is also explained by the comparatively large winter respiration flux, whose 

source remains as yet unresolved. 

At the EMS site, the springtime lag between the increase in air temperature and the later increase in 

soil temperature resulted in a larger proportion of Re derived from aboveground biomass and an 

earlier peak in Re compared to Rs (Fig. 10). There was strong synchrony between aboveground 

respiration, leaf area expansion, and diameter growth from spring until peak LAI (Fig. 11). By mid-

August, however, aboveground growth was largely complete and the preponderance of Re was from 

Rs until the fall when there was an uptick in aboveground respiration that may be related to foliar 

nutrient retranslocation, foliar senescence, and winter hardening (Fig. 11). The phenology of Re at the 

EMS site is consistent with a recent meta-analysis demonstrating that root growth lags behind shoot 

growth in temperate and boreal forests (Abramoff and Finzi 2015). The phenology of C fluxes at the 

HEM tower site were similar to those at the EMS site with one notable exception: Re peaked 

approximately two weeks later, on average, and declined more rapidly thereafter compared to the 

EMS site (Fig. 10).

The updated eddy-covariance analysis reported here presents a dynamic picture of forest–atmosphere 

C exchanges. In particular, among the flux sites analyzed by Keenan et al. (2013), the EMS tower 

data showed the strongest increase in annual net C uptake. For the 1992 to 2009 period of their 

analysis, NEP increased an average of 23 g C m-2 yr-1, resulting in a gain of 400 g C m-2 yr-1 in NEP 

in those 18 years. For the 24-year period (1992–2015) analyzed here, average annual NEP increased 

6.9 g C m-2 yr-1, or about 168 g C m-2 yr-1 more uptake in 2015 compared to 1992 (Fig. 7b). This 

brings the annual increase in NEP at the EMS site in line with the other sites analyzed by Keenan et 

al. (2013). Importantly, the long-term trend reported here suggests that the rapid increase in NEP 

between 1998 and 2008 was transient.

Interpretation of the very high NEP from 2004–2008, and very low NEP in 2010–2011 is complex. 

Advances in flux partitioning, including Wehr et al.’s (2016) work using isotopologues of CO2 at the A
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EMS site can help discern the net balance of photosynthesis and Re. However, Wehr’s results apply 

directly only to the period of that study, which encompasses the 2011–2013 growing seasons. A 

detailed analysis of the environmental drivers and biotic responses (sensu Richardson et al. 2007), and 

how to apply partitioning studies to the full NEE record, is underway.

There was large inter-annual variation (50–100%) in maximum canopy photosynthetic rate (Amax, Fig. 

8a–c, Appendix S1: Fig. S3b, Appendix S1: Table S13) and light use efficiency (LUE; α, Appendix 

S1: Fig. S3a, Appendix S1: Table S13). At the early-successional CC tower site, annual increases in 

LUE and Amax were driven by the accrual of leaf area in this rapidly aggrading stand (Fig. 8c, e). At 

the closed-canopy EMS tower site, interannual variations in NEP were positively correlated with PAI 

(Fig. 9c). The slope of this regression line implies that NEP increases by ~280 g C m-2 yr-1 for every 1 

m2 m-2 increase in PAI, which is the maximum variation observed in the data set. We also find that 

NEP is positively correlated with canopy-scale LUE (Fig. 9a), and that GPP is positively correlated 

with canopy-scale Amax (Fig. 9b). These results suggest that plasticity in canopy-scale attributes like 

photosynthetic rate and leaf area have a measurable impact on C uptake at this site. However, the 

causality between interannual variations in C fluxes and those of canopy-scale attributes remains 

unclear. For example, do increases in Amax and PAI drive increases in C uptake or are they the 

consequence of favorable growing conditions and high C uptake, or both?

Different methods of measuring ecosystem carbon accrual were well correlated, although some 

differences remained. We compared the difference in net ecosystem production assessed by tower- 

and ground-based measurements for the two mature forest types (Table 4). Tower-based NEP was 

higher than plot-based NEP, which corroborates earlier analyses reported by Barford et al. (2001). 

Twenty-four years of data from the hardwood forest site narrowed the difference between these two 

measurement approaches to 36%, whereas the difference was 61% after eight years of study of the 

hemlock forest site. Ecologically, it stands to reason that the difference in NEP estimates narrows 

through time since biomass is produced from a combination of current-year and stored photosynthate. 

With many years of data (i.e., a larger sample size), the interannual variations in climate and forest 

productivity converge towards a mean value whose uncertainty declines. A
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Stand dynamics and recent global change

At annual to decadal time scales, neither stand biomass nor rates of NPP are at steady state in the 

mature hardwood-dominated stands at the Harvard Forest. Rather, the stands remain active C sinks as 

they accrue biomass following land-use abandonment and low rates of forest harvest. This general 

pattern of land-use history and ecosystem recovery characterizes temperate forests across much of 

eastern North America (Gough et al. 2016, Nave et al. 2017). At the Harvard Forest, NPP also 

increased by ~26% from 2000 to 2014 (Fig. 5). Both stand dynamics and global change likely 

contribute to the observed NPP increase.

Species composition change, particularly increasing red oak dominance, likely contributed to the 

trend of increasing NPP. Red oak tree-ring increment positively correlated with tower-based NEP 

(Fig. 9d). Maples and birches initially dominated the mixed-species hardwood forests that developed 

after agricultural clearing, after old-field white pine harvest, or the 1938 hurricane. Red oak height 

growth then accelerated and within about 30 years red oak rose to its current dominance in the canopy 

(Oliver 1975, 1978, Oliver and Stephens 1977). Red oak relative abundance increased from 30% of 

total biomass in 1992 to 34% in 2013 (Fig. 4a), contributing 45% of the overall increase in live tree 

biomass during the study period. Its increasing dominance is corroborated by previous, site-specific 

studies at the Harvard Forest (Fig. 4b; Urbanski et al. 2007, Eisen and Barker Plotkin 2015). 

It appears that red oak has an inherently higher growth capacity than the other abundant species at the 

Harvard Forest. Of the major tree species, it has the highest concentration of N in foliage and the most 

rapid rate of net photosynthesis (Bassow and Bazzaz 1997). Red oak also has a high water-use 

efficiency (Turnbull et al. 2002). These ecophysiological traits alongside the fact that red oak trees at 

Harvard Forest have an average diameter larger than that of the other species present, likely gives rise 

to red oak’s outsized contribution to NPP and NEP (Lutz et al. 2012, Stephenson et al. 2014).

The majority of the NPP at the Harvard Forest is allocated to the production of fast-cycling C pools: 

leaves (22%), fine roots (29%), and root exudates (8%, Table 4). Leaves and roots have high N A
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concentration, so the increase in total tree biomass and NPP implies an increase in N uptake through 

time, or possibly an increase in N-use efficiency (c.f., Finzi et al. 2007). As an ectomycorrhizal 

(ECM) tree species, red oak can access soil N via fungal symbionts. ECM fungi produce both 

oxidative and hydrolytic enzymes that are released into soil (Chalot and Brun 1998). These enzymes 

are often within mucopolysaccharides produced by the fungus that are reabsorbed after the 

decomposition of organic matter (Lindahl et al. 2005, Hobbie and Hobbie 2008). This strategy confers 

a competitive advantage for N to the ECM trees relative to free-living microbes and non-ECM trees 

(Averill et al. 2014). This suggests that ECM fungal association should be added to the list of 

autecological factors contributing to red oak’s dominance and high productivity at the Harvard Forest.

Recent warming trends have altered the rate of C cycling in hardwood- and hemlock-dominated 

stands. At the EMS site, spring is occurring earlier, the onset of fall is occurring later, and the length 

of the growing season is increasing with time (Fig. 12). Such changes have decreased springtime net 

C losses because of earlier onset of C uptake (Fig. 13a), increased fall C uptake (Fig. 13c), and 

enhanced NEP through time (Fig. 7b).

At the EMS site we found that the length of the growing season increased by just under one day per 

year. This means ANPP has increased by 2.7 g C m-2 yr-1(see Methods for details of the calculation). 

Since the average annual increase in ANPP was 9.2 ± 3.3 g C m-2 yr-1 (Fig. 5c), lengthening of the 

growing season alone accounts for up to 30% of the observed annual average increase in ANPP. A 

similar calculation is possible for NEP. Here we estimate that lengthening of the growing season 

increases NEP by 2.1 g C m-2 yr-1. Because the average annual increase in NEP at the EMS site is 6.9 

± 9.0 g C m-2 yr-1 (Fig. 7b), lengthening of the growing season alone also accounts for 30% of the 

annual increase in NEP. 

The signature of a changing climate on hemlock forest productivity was also in evidence. The most 

important of these is the spread of HWA into the footprint of the Harvard Forest and the decline in 

hemlock (Ellison et al. 2018). The spread of this invasive insect is closely tied to climate, with a 

northward expansion facilitated by warming temperature. Prior to infestation of the HEM tower site, A
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however, we observed an earlier onset of springtime, later onset of leaf off of the deciduous 

component of the forest and lengthening of the growing season (Fig. 12b). None of these trends was 

statistically significant because there are fewer years of data available at this site (Fig. 12b). Similar to 

the EMS site, there was a significant relationship of earlier spring resulting in greater C uptake at the 

HEM site (Fig. 13). By contrast, lengthening of the growing season in the autumn was negatively, 

albeit not significantly, correlated with NEP. Lengthening of the growing season at the HEM site did 

not increase net C uptake.

At the same time that the growing season is lengthening, other global change factors are concurrently 

changing. These include a rise in atmospheric CO2, a decrease in atmospheric deposition of N and 

SO4
2-, a decrease in ground-level O3 concentrations, and the previously discussed increases in 

temperature and precipitation (Fig. 3). These changes in atmospheric chemistry may be collectively 

important. For example, the declines in total N and SO4
2- deposition, and the increase in the pH of 

precipitation (data not shown) are leading to a gradual deacidification of soils and soil water in New 

England and in Europe (Driscoll et al. 1998, Stoddard et al. 1999). It seems reasonable to hypothesize 

that collectively, the accumulated effect of all these small but significant global changes may also be 

contributing to the increase in productivity through time (c.f., Fernández-Martínez et al. 2017). 

With specific respect to rising atmospheric CO2, the average annual concentration of CO2 has 

increased 13%, from 356 ppm in 1992 to 401 ppm 2015 (+45 ppm, NOAA 2019). Previous research 

at eddy-covariance sites throughout the northeast correlated increases in NEP over time with increases 

in WUE owing to rising CO2 (Keenan et al. 2013). Mechanistically, this occurs because stomatal 

aperture can decline with rising CO2 because of the increasing CO2 concentration gradient between 

the atmosphere and leaf mesophyll cells. As such, rising CO2 can allow plants to conserve water, 

maintain photosynthetic rates, and increase the ratio of C fixed to water transpired (i.e., WUE; 

Battipaglia et al. 2013). 

While there are no whole-system CO2 exposure studies at the Harvard Forest, greenhouse work with 

the dominant species at the forest showed that they are responsive to CO2 under limiting and non-A
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limiting nutrient conditions (Bazzaz and Miao 1992, Miao 1995, Driscoll et al. 1998). While a formal 

study of attribution (sensu Bindoff et al. 2013) has not been conducted with respect to the CO2 effect 

on productivity at the Harvard Forest, Fernández-Martínez et al. (2017) suggest a direct CO2 

enhancement of 1% on NEP across eastern North American and European forests for the period 

1995–2011. Regionally, Ollinger et al. (2002) used the simulation model PnET-II to show that rising 

atmospheric CO2 and N deposition, alone and in combination, had significant, positive effects on 

northeastern forest productivity. It therefore seems reasonable to suggest that rising atmospheric CO2 

is having an effect on C exchange at the Harvard Forest. At present, however, we do not have direct, 

site-specific evidence for a CO2-fertilization effect on productivity.

Increasing precipitation over the study period (Fig. 3b) also likely contributed to the observed 

increases in NPP and NEP at the EMS site. Most of the increased precipitation fell during the growing 

season (May–October). Co-analysis of tree rings and climate variables in red oak indicates that late-

summer precipitation can increase growth, suggesting that even mesic forests like the Harvard Forest 

(Belmecheri et al. 2014), and eastern temperate forests in general, are sensitive to water availability 

(Martin-Benito and Pederson 2015, D’Orangeville et al. 2018). Regionally, the number of rainless 

days declined during the past 30 years, suggesting a decline in drought conditions (Bishop and 

Pederson 2015). Our study period was during one of the wettest eras of not only the last 500 years 

(Pederson et al. 2013, 2015), but perhaps of the last 5000+ years (Shuman and Marsicek 2016, Marlon 

et al. 2017). Other drivers of carbon dynamics may be more apparent during this period of 

measurement because, relative to the past, the occurrence of drought stress has been less frequent. 

Comparisons to global change experiments

Forest regrowth following land-use abandonment is likely the largest contributor to the observed C 

sink at the Harvard Forest during the last century. After that, our findings suggest that climate change 

and other global change drivers have enhanced the C sink in biomass over the last three decades. 

Climate and other global change factors may have had an effect further back in time, but prior to 1990 

there are fewer systematic measurements of C stocks and fluxes to help us assess earlier changes. 
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The Harvard Forest hosts long-term global change experiments that simulate aspects of climate 

change, atmospheric chemistry change, and the spread of invasive insects. Each of these factors 

affects the C cycle and other ecosystem processes. We compared C-cycle responses from three 

experimental studies—soil warming, N deposition, and hemlock removal—to the observational data 

presented here to provide a broad context within which we can interpret the experimental work.

One of the largest uncertainties in the global C cycle is the response of soil C to warming. Globally, 

soils store more C than is present in the Earth’s atmosphere and vegetation combined (Scharlemann et 

al. 2014, Jackson et al. 2017), so small changes in soil-C cycling may have a large effect on the future 

climate. Beginning in 1991, soil warming experiments at the Harvard Forest heated the soil +5 °C 

above ambient (Melillo et al. 2002, 2011, 2017). The IPCC’s 5th assessment reported that this level of 

soil warming would only be achieved under the most extreme scenario for climate change, RCP 8.5, 

in about the year 2140 (Collins et al. 2013). The initial results from the longest-running soil warming 

study at this site found that putative soil C losses ranged from 90 to 180 g C m-2 yr-1 for up to 7 years 

(Melillo et al. 2002, 2011). This declined to an annual average rate of 60 g C m-2 yr-1 over 26 years of 

warming interspersed by periods when there was no effect of +5 °C on soil respiration or C 

mineralization (Melillo et al. 2017). The average annual rate of C loss with warming is 2–6 fold larger 

than the estimated soil C sink based on radiocarbon data (10–30 g C m-2 yr-1). 

Melillo et al. (2017) used a mass-balance approach to estimate that 17% of total soil C was lost from 

the organic horizon to 60 cm depth in the mineral soil over 26 years of warming. This was not 

observed directly in the soil samples that were collected from the experimental plots. We can use the 

soil power analysis to estimate the number of samples required to detect a significant change in soil C 

content. Melillo et al. (2017) reported an average C loss of 800 g C m-2 in the organic horizon of 

warmed compared to control plots over 26 years. We estimate it would take 73 and 103 samples to 

detect this change at p < 0.10 and p < 0.05, respectively. Across the entire profile, they estimate a loss 

just in excess of 1,500 g C m-2 in 26 years. Theoretically, detection would require only 21 and 29 

samples at p < 0.10 and p < 0.05, respectively. In practice, however, the soil C loss was across 60 cm 

of mineral soil with presumably variable amounts of loss at different increments of depth. Therefore, A
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it seems that the mass-balance approach they employed is the only means of estimating soil C loss in 

the absence of terminating the experiment and extracting several hundred soil cores to increase 

statistical power.

More broadly, ecosystem C gains from forest regrowth overwhelm changes in C uptake and loss rates 

from observed and simulated climate change. For the 24-year period 1992–2015, coincident with the 

years of long-term soil warming, hardwood forest NEP averaged 298 ± 153 g C m-2 yr-1 (Table 4). 

Since NEP includes C in aboveground biomass and soil, C emissions from the soil in response to 

extreme warming would need to be 2–7 fold higher to entirely offset C gains from forest regrowth and 

other potential contributions from climate change, rising CO2, and atmospheric N deposition. Soil 

warming may reduce the magnitude of the C sink, but the Harvard Forest will likely remain a net 

carbon sink because of the large effect of recovery from previous land-use change coupled to longer 

growing seasons and rising atmospheric CO2.

Concerns over enhanced N loading from atmospheric deposition motivated a second flagship global 

change experiment at the Harvard Forest: long-term simulated N deposition in hardwood and red pine 

plantation forests to assess the N saturation hypotheses of Ågren and Bosatta (1988) and Aber et al. 

(1989). The Chronic Nitrogen Amendment Study was established in 1988 at two levels of N addition, 

5 g N m-2 yr-1 (N5) and 15 g N m-2 yr-1 (N15) (Frey et al. 2014). Over 20 years, the hardwood stand 

sequestered C in biomass and soil above that in control plots at an average annual rate of 125 g C m-2 

yr-1 (N5) and 460 g C m-2 yr-1 (N15). Most additional C was sequestered in biomass, and in the 

surface organic horizon via suppressed decomposition, but some was sequestered in deep mineral soil 

in the N15 treatment (Nadelhoffer et al. 1999a, Frey et al. 2014). In the N5 treatment, 55% of the 

additional C sink was in the organic horizon and mineral soil, and in the N15 treatment, 63% of the 

additional C sink was in these same horizons. In the red pine stand, the N5 treatments neither gained 

nor lost C at a rate different from control plots. In the N15 treatments, however, red pine trees died, 

indicating that extreme N deposition has the capacity to fundamentally change the C cycle. 

Widespread tree decline and mortality were observed in parts of Europe and, to a lesser extent, eastern 

North America, in the 1980s and 1990s (Schulze 1989, Högberg et al. 1996, Emmett et al. 1998). Red A
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pine, an abandoned plantation species at the Harvard Forest, does not occur in non-plantation areas of 

the forest and is naturally in decline throughout the research area. Therefore, we do not consider red 

pine responses further in this study.

Relative to the effects of soil warming and forest regrowth, high (N5) to extreme (N15) fertilization 

levels stimulate an ecosystem C sink that is 2–7 fold greater than the rate of C loss from soils exposed 

to extreme warming, and 0.7 to 2 times higher than that of forest regrowth. Nitrogen is thus a potent 

modifier of ecosystem C capital. Given that the 1990 amendments to the Clean Air Act (U.S., 104 

Stat. 2399, Pub.L. 101–549) have decreased atmospheric N deposition across northeastern North 

America, primarily through reductions in NOx emissions, the stimulatory effect of N deposition on the 

C sink may decline in the future (Du et al. 2014, Beachley et al. 2016). We note, however, that NH3 

deposition is presently increasing at a modest rate throughout much of the U.S. including the 

northeast (Butler et al. 2016). Simultaneous reductions in atmospheric acidity (e.g., SO4
2-, NO3

-), the 

primary sink for NH3, may increase the concentration of NH4
+ in the soil and contribute to a C sink. 

At present this remains highly uncertain.

The northeastern U.S. has the greatest number of invasive forest insects in the country (Liebhold et al. 

2013), and they have major ecological and economic impacts (Lovett et al. 2016). In central New 

England, prominent forest invasive insects include the hemlock woolly adelgid (Adelges tsugae), 

gypsy moth (Lymantria dispar), emerald ash borer (Agrilus planipennis), and localized outbreaks of 

Asian longhorned beetle (Anoplophora glabripennis) (Dodds and Orwig 2011). These insects are 

poised to selectively impact or in some cases extirpate eastern hemlock, oaks, ash, or various 

hardwood species, respectively. At the Harvard Forest, gypsy moth outbreaks temporarily reduced 

oak biomass increment in the early 1980s (Fig. 4b), and now the hemlock woolly adelgid (HWA) is 

progressively eliminating eastern hemlock. The ecosystem consequences of hemlock loss via HWA 

has been a research focus at the Harvard Forest since the 1990s (Orwig and Foster 1998, Orwig et al. 

2008, 2012) and HWA is now causing decline and mortality at the Harvard Forest (Kim et al. 2017, 

Orwig et al. 2018). 
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Prior to HWA’s arrival at the Harvard Forest, a third flagship experiment used girdling to kill all 

hemlock trees in a second-growth forest to simulate the effects of the adelgid on ecosystem processes 

(Ellison et al. 2010). The transfer of live aboveground biomass to the coarse woody debris (CWD) 

pool dominated the C cycle consequences of this manipulation. Nine years after girdling, live woody 

biomass in the girdled plots was about 40% of that in the intact hemlock plots (Orwig et al. 2013). 

Despite greater productivity in the girdled plots than in control stands (Orwig et al. 2013), C loss from 

decaying CWD exceeded net uptake for over a decade (Ellison and Barker Plotkin 2018). Using a 

chronosequence approach, Raymer et al. (2013) estimated that it would take ~20 years for ecosystem 

C content to recoup losses following hemlock loss in second-growth forests, but nearly 140 years to 

accumulate as much C as that measured in the primary-growth hemlock stand in which the HEM 

eddy-covariance tower is located and which is now rapidly declining. Eventually, the predicted loss of 

C from the thick organic soil horizon in the primary forest would be compensated by greater rates of 

NPP and C accumulation in biomass by the rapidly aggrading hardwood forest (Finzi et al. 2014).

In and around the HEM tower site, visible signs of hemlock canopy loss began in 2013. The eddy-

covariance data show that the HEM site is now a net source of C to the atmosphere on an annual basis 

(Fig. 7b). For the three-year period 2013–2015, NEP averaged 36 g C m-2 yr-1 and was lowest in 2015 

(−129 g C m-2 yr-1). Relative to 2002, peak growing season evapotranspiration decreased > 25% while 

annual water yield increased 15% in 2013 and 2014 (Kim et al. 2017). Thus, hydrologic and C cycle 

changes are underway at this site. An intensified effort is now ongoing to quantify changes in C pools 

and fluxes throughout areas experiencing hemlock decline to test hypotheses generated by both 

experimental and chronosequence approaches.

Comparison of C cycling at the Harvard Forest to the surrounding region

The continuity and breadth of data, and detailed site history at an intensive ecological research site 

such as the Harvard Forest LTER offer an unparalleled opportunity to integrate multiple data streams 

over decades to discern long-term patterns of C cycling and the historical, biotic, and climate factors 

driving these patterns. Yet by concentrating work at a particular location, questions arise about how 

representative a site is compared to the broader region (Fahey et al. 2015). We know that the land use A
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and wind disturbance history at the Harvard Forest are broadly representative of the central New 

England region. The timing of major land-use changes and percentage of land in agriculture were 

consistent across Massachusetts (Hall et al. 2002). Hurricane wind damage follows a strong gradient 

in frequency and intensity from southeastern to northwestern New England, and the most recent major 

hurricane at the Harvard Forest (1938) affected the surrounding central New England area similarly 

(Boose et al. 2001). However, nuances in site characteristics and disturbance patterns may lead to 

differences in C stocks and fluxes between the Harvard Forest, its surrounding ecoregion, and other 

intensively studied sites.

Based on the remote sensing estimates of GPP, productivity at the Harvard Forest is similar to that of 

the surrounding ecoregion (Zhou et al. 2018). ANPP at the Harvard Forest averaged 390–430 g C m-2 

yr-1 and total NPP averaged 680–750 g C m-2 yr-1 (Tables 3, 4), reasonable values compared to 

estimates of forest NPP in northern New England and New York. Net primary production at the 

Hubbard Brook Experimental Forest in New Hampshire averaged 585 g C m-2 yr-1 with ~350–400 g C 

m-2 yr-1 in ANPP alone (Fahey et al. 2005). ANPP at the Bartlett Experimental Forest, New 

Hampshire, ranged from 140 to 376 g C m-2 yr-1 with a mean of 257 g C m-2 yr-1 (Ollinger and Smith 

2005) and total NPP for the site was estimated to be 615 ± 118 g C m-2 yr-1 (Ouimette et al. 2018). In 

the Allegheny Plateau of central New York, Fahey et al. (2013) reported ANPP rates of 386 g C m-2 

yr-1. In the Catskill Mountains of New York, Lovett et al. (2013) reported ANPP of 160–350 g C m-2 

yr-1, and in the Adirondack Mountains, Joshi et al. (2003) reported ANPP rates of ~200 g C m-2 yr-1 

for low elevation hardwood stands. The higher overall ranges of NPP and ANPP at the Harvard Forest 

probably reflect its more southerly location and warmer climate, which likely drive higher rates of net 

C uptake. 

C stocks in biomass are notably higher at the Harvard Forest compared to FIA plots in the 

surrounding ecoregion. We hypothesize that this reflects a higher intensity of forest management 

outside of the Harvard Forest during the last half century, as productivity recovers quickly after partial 

disturbance (Fig. 7d, Amiro et al. 2010, Barker Plotkin et al. 2013), but C stocks can take decades to 

recover. Recent (1990–2014) timber harvesting rates at the Harvard Forest averaged 0.4% of the land A
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base per year and did not affect the plots included in this study. This is a lower frequency of 

harvesting disturbance than the surrounding regions (Worcester Plateau and Lower Worcester Plateau 

ecoregions), where about 1.4% of the land base per year was harvested during the period of 1984–

2015 (McDonald et al. 2006, Thompson et al. 2017). Indeed, timber harvesting is the leading cause of 

adult tree mortality in northeastern forests (Canham et al. 2013). Partial harvest (20–40% live basal 

area removed) is most prevalent (Thompson et al. 2017), leading to intermittent removals of live 

aboveground C that take decades to regrow.

Local site conditions and forest management practices at the Harvard Forest over the past century also 

lead to differences in forest composition compared to the surrounding region. Oak dominated live 

biomass C storage and uptake at the Harvard Forest over the study period and increased in relative 

importance over the past 25 years (Urbanski et al. 2007, Eisen and Barker Plotkin 2015). In contrast, 

red maple abundance has increased in New England over the past 400 years (Thompson et al. 2013) 

and surpasses oak biomass in much of the region (McEwan et al. 2011, Butler 2016, 2017, 2018). As 

discussed above, oaks may have relatively high biomass and production capacity relative to other 

major tree species at the Harvard Forest, and therefore may partially explain the higher biomass 

reported in this study compared to the region.

SUMMARY

C accrual persists at the Harvard Forest, consistent with previous studies of long-term forest 

development (Luyssaert et al. 2008, Urbano and Keeton 2017). Comparative analysis of the 

observational and experimental data reported here suggests that the largest driver of the C sink at the 

Harvard Forest is forest regrowth following widespread land-use abandonment. Superimposed on this 

driver, climate warming and wetting, longer growing seasons, altered phenology, rising CO2, declines 

in sulfate and total N deposition, alongside declines in ground-level ozone concentrations are also 

likely contributing to the forest C sink. In many instances, temporal variations in C cycling were 

readily interpretable such as the strong seasonal correspondence between Ra, leaf area deployment, 

and tree diameter growth in hardwood stands. In other instances, the underlying causes were more 

complicated. These include interannual variations in NEP, PAI and > 2-fold interannual variation in A
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Amax. Developing appropriate statistical methods to parse the contributions of regrowth and climatic 

and atmospheric changes on the C cycle remains an area of high priority for research.

Estimates of live aboveground C at the Harvard Forest are beginning to approach levels observed in 

remnant old-growth stands on sites characteristic of the broader region, which range from 17,500 to 

25,000 g C m-2 (Siccama et al. 2007, Keeton et al. 2011, McGarvey et al. 2015). Estimates of 

deadwood in old-growth forest are less well studied but a few studies show dead wood stocks that are 

many times higher than what we observe at the Harvard Forest and other secondary forests in the 

region (McGee et al. 1999, McGarvey et al. 2015, D’Amato et al. 2017). Simulations using diverse 

modeling approaches consistently forecast biomass accrual associated with long-term stand 

development persisting throughout the next century (Albani et al. 2006, Tang et al. 2014, Duveneck et 

al. 2017, Wang et al. 2017). Simulations also suggest that rising atmospheric CO2 concentration, 

higher average temperatures and precipitation, and enhancement of N mineralization rates and 

possibly N deposition will increase C sequestration despite concomitant increases in respiration 

(McGuire et al. 1992, Richardson et al. 2010, Savage et al. 2013, Duveneck and Thompson 2017). On 

this basis, we hypothesize that continued forest regrowth and climate change in the coming century 

will maintain C sink activity at the Harvard Forest. This hypothesis is predicated on the assumption 

that major disturbances including invasive insects, logging or other land-use change, hurricanes, and 

extreme climate events do not increase in frequency or intensity across the forest in the 21st century.
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Table 1. List of abbreviations used.

Abbreviation Definition Units

Amax Ecosystem photosynthetic capacity μmol C m-2 s-1

ANPP Aboveground net primary production g C m-2 yr-1

BNPP Belowground net primary production g C m-2 yr-1

C Carbon -

CC Clear-cut (flux tower site) -

CWD Coarse woody debris -

DBH Diameter at breast height cm

DOC Dissolved organic carbon g C m-2

DOY Day of year -

EC Eddy covariance -

ECM Ectomycorrhizal -

EMS
Environmental Measurement Site (flux 

tower site)
-

FCRN Fluxnet-Canada Research Network -

FIA Forest Inventory and Analysis -

FRmass Fine root biomass g C m-2

FRproduction Fine root production g C m-2 yr-1

FRturnover time Fine root turnover time yr

FWD Fine woody debris -

GPP Gross primary production g C m-2 yr-1

GSL Growing season length d

HEM Hemlock (flux tower site) -

LAI Leaf area index m2 leaves m-2 ground

LTER Long-Term Ecological Research -

LUE Light use efficiency μmol C μmol-1 PPFD

MAP Mean annual precipitation mmA
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MAT Mean annual temperature °C

N Nitrogen -

NEE Net ecosystem exchange g C m-2 yr-1

NEP Net ecosystem production g C m-2 yr-1

NPP Net primary production g C m-2 yr-1

PAI Plant area index m2 plant tissue m-2 ground

PI Principal investigator -

PPFD Photosynthetic photon flux density μmol photon m-2 s-1

Ra Autotrophic respiration g C m-2 yr-1

Rabove Aboveground respiration g C m-2 yr-1

Re Ecosystem respiration g C m-2 yr-1

Rh Heterotrophic respiration g C m-2 yr-1

Rr Root respiration g C m-2 yr-1

Rs Soil respiration g C m-2 yr-1

SD Standard deviation -

SE Standard error -

SOC Soil organic carbon -

WUE Water use efficiency -
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Table 2. Contemporary C stocks for mature hemlock- and hardwood-dominated stands at the Harvard 

Forest. Units are g C m-2 ± SD (n). Carbon stocks for aboveground live biomass and coarse roots are 

based on the most recent plot measurements (2008–2015, depending on the study), since these C 

pools have increased over the study period. All other C pools are based on means across all plots and 

years of measurement. The hemlock and hardwood means are significantly different at p < 0.05 (*), p 

< 0.01 (**), p < 0.001 (***), or not tested (†).

Component Hemlock Hardwood

Aboveground live biomass

Wood + Foliage1 * 14,007 ± 3,838 (34) 11,952 ± 3,730 (81)

Woody debris total† 2,047 ± 986 2,076 ± 1,248

Coarse woody debris (>7.5 cm 

diameter)* 643 ± 562 (38) 987 ± 955 (160)

Fine woody debris (0.6–7.5 cm 

diameter)*** 344 ± 182 (35) 203 ± 135 (170)

Standing dead wood 1,060 ± 790 (38) 886 ± 792 (154)

Fine roots total† 547 ± 149 416 ± 118

Fine roots organic horizon*** 148 ± 85 (73) 100 ± 45 (134)

Fine roots mineral horizon 0–15 cm 177 ± 80 (102) 191 ± 109 (200)

Fine roots mineral horizon 15–30 cm 117 ± 84 (23) 70 ± 8 (4)

Fine roots mineral horizon 30–45 cm* 105 ± 40 (8) 55 ± 6 (4)

Coarse roots total1 *** 2,913 ± 811 (34) 2,285 ± 707 (81)

Soil total† 15,059 ± 3,548 12,851 ± 2,560

Soil organic horizon*** 4,305 ± 2,624 (54) 2,700 ± 1,322 (145)

Soil mineral horizon 0–15 cm 5,170 ± 1,931 (98) 5,324 ± 1,649 (291)

Soil mineral horizon 15–30 cm 3,052 ± 1,326 (22) 2,907 ± 1,032 (30)

Soil mineral horizon 30–45 cm* 2,532 ± 464 (8) 1,920 ± 1,010 (21)

Total C content† 34,573 ± 5,382 29,580 ± 4,747

Distribution (% of total)

Live aboveground 40% 40%A
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Woody debris 6% 7%

Roots 10% 9%

Soils 44% 44%
1Based on allometric equations.
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Table 3. Average rates of net primary production for mature hemlock- and hardwood-dominated 

stands throughout the Harvard Forest. Units are g C m-2 yr-1 ± 1 SD (n, plot × year). The hemlock and 

hardwood means are significantly different at p < 0.05 (*), p < 0.01 (**), p < 0.001 (***), or not 

tested (†).

Flux Hemlock Hardwood

Aboveground biomass increment [wood + 

foliar increment] (1998 – 2014)† 166 ± 99 (191) 200 ± 118 (508)

          Foliar litterfall 157 ± 49 (204) 160 ± 36 (681)

          Non-foliar litterfall*** 74 ± 68 (204) 41 ± 29 (681)

Litterfall total (1989 – 2015)1 *** 231 ± 94 (204) 201 ± 51 (681)

Aboveground net primary production 

(ANPP)† 397 ± 137 401 ± 129

Fine root net primary production (<2mm)2† 218 ± 174 225 ± 136

Coarse root biomass increment (1998 – 2014) 34 ± 20 (191) 38 ± 23 (508)

Root exudates (2010 – 2013) 97 ± 88 (8) 69 ± 56 (14)

Belowground net primary production 

(BNPP)† 349 ± 196 332 ± 149

Total net primary production (NPP)† 746 ± 239 733 ± 197
1 Before calculating the mean foliar, non-foliar, and total litterfall of all studies listed in Appendix S1: 

Table S5, we estimated the fractions of foliar and non-foliar litterfall for the studies where both 

components were reported and applied them to the studies where only foliar or total litterfall was 

reported.
2 Fine root net primary production in hardwood forests is the average of estimates from McClaugherty 

et al. (1982), Gaudinski et al. (2010), and Abramoff and Finzi (2016). Fine root net primary 

production in hemlock forests is based on data from Abramoff and Finzi (2016); no other data were 

available for this type of forest.

A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

Table 4. C fluxes within the EMS and HEM tower footprints only. NEP, GPP, Re, and Rs are the average of 1992–2015 (EMS) and 2005–

2012 (HEM). Units are g C m-2 yr-1 ± 1 SD (n; plot × year). The hemlock and hardwood means are significantly different at p < 0.05 (*), p 

< 0.01 (**), p < 0.001 (***), or not tested (†). The uncertainty for the eddy-flux data includes interannual variability, but not gap-filling 

uncertainty. As discussed in the text, there is more gap-filling in the HEM tower data than the EMS tower data.

HEM EMS

Input flux Gross primary production (GPP; tower-

calculated)

1,441 ± 97 (8) 1,526 ± 227 (24)

Net primary production Total net primary production (NPP)† 688 ± 197 678 ± 182

Aboveground

Wood + foliage (plot-measured, allometries) 158 ± 84 (124) 199 ± 119 (575)

Foliar litterfall*** (plot-measured) 182 ± 58 (84) 149 ± 34 (416)

Non-foliar litterfall*** (plot-measured) 89 ± 72 (84) 41 ± 28 (416)

Litterfall total1*** 271 ± 109 (84) 191 ± 44 (416)

Aboveground net primary production (ANPP)† 429 ± 138 390 ± 127

Belowground

Fine root net primary production2† 129 ± 107 199 ± 110

Coarse root biomass increment (estimated from 

allometries)

33 ± 18 (124) 38 ± 23 (575)

Root exudates 97 ± 88 (8) 51 ± 65 (6)
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Belowground net primary production (BNPP)† 259 ± 140 288 ± 130

Soil sequestration OH to 50 cm depth (isotope-estimated)3 20 ± 10 20 ± 10

Output flux Tower-based ecosystem respiration (Re, tower)* 976 ± 82 (8) 1,228 ± 255 (24)

Component fluxes Soil respiration (Rs)* (chamber measurement) 682 ± 27 (8) 727 ± 54 (24)

Aboveground respiration (Rabove): Re − Rs 294 ± 86 (8) 501 ± 261 (24)

Autotrophic respiration (Ra): GPP − NPP − soil 

sequestration

733 ± 220 828 ± 291

Root respiration (Rr): Ra − Rabove 439 ± 236 327 ± 391

Heterotrophic respiration (Rh): Rs − Rr 243 ± 238 400 ± 395

Net ecosystem 

production (NEP)

Tower-based [NEPtower] 465 ± 83 (8) 298 ± 153 (24)

Inventory-based [NEPinv]: Net change in live 

biomass + net change in soil C 

183 ± 109 190 ± 82

Comparison of NEP calculations: NEPtower − 

NEPinv

282 ± 137 108 ± 174

Percentage NEP difference (relative to tower) 61 36
1 Before calculating the mean foliar, non-foliar, and total litterfall of all studies listed in Appendix S1: Table S5, we estimated the fractions 

of foliar and non-foliar litterfall for the studies where both components were reported and applied them to the studies where only foliar or 

total litterfall was reported.
2 Between the top of the organic horizon and 15 cm depth in the mineral soil. Fine root net primary production in the EMS tower footprint 

is the average of estimates from McClaugherty et al. (1982), Gaudinski et al. (2010), and Abramoff and Finzi (2016). Fine root net 
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primary production in the HEM tower footprint is based on data from Abramoff and Finzi (2016); no other data were available for this 

location.
3 We assume a standard deviation equal to 50% of the mean value of the range reported by Gaudinski et al. (2000).
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Figure legends

Figure 1. a) A timeline of ecosystem C measurements at the Harvard Forest. The timeline is divided 

into biomass components, soil components, fluxes, and global change experiments. Lines indicate 

measurements across all studies. Asterisks on the mineral SOC line indicate the years in which 

mineral soil C sampling was repeated in the same set of plots. b) Map of the Harvard Forest tracts, 

eddy-flux towers, and plots. The types of measurements collected varied across plots and studies; for 

plots with aboveground biomass measurements, forest type was determined using k-means cluster 

analysis.

Figure 2. Regional comparison of production and C stocks in biomass. Distribution of C in biomass 

in FIA plots (black dots) within EPA ecoregions 58g and 59b (green polygon) is lower than that at the 

Harvard Forest (red outline). GPP estimated from AVIRIS (blue box) does not differ between the 

Harvard Forest and full AVIRIS footprint.

Figure 3. Long-term (1964–2015) annual mean air temperature (a) and total precipitation (b) at the 

Harvard Forest. Also presented are trends in annual mean CO2 concentration (c) at the Mauna Loa 

Observatory (1959–2015), ground-level O3 concentration (d) in Ware Center, MA, 25 km south of the 

Harvard Forest (1981–2015), and total N deposition (e) and SO4
2- deposition (f) at the Quabbin 

Reservoir, 17 km southwest of the Harvard Forest (1982–2015). Statistically significant (p < 0.05) 

linear relationships in (a), (b), (d), (e), and (f) are shown for the full record (solid lines) and for the 

period of interest for this study (1992–2015; dashed lines).

Figure 4. (a) Changes in aboveground carbon stocks (mean ± SD) of the four major tree species at the 

Harvard Forest, based on 60 plots distributed across the Prospect Hill Tract (the PHOREST study). 

The plots were originally sampled in 1937, the year prior to a major hurricane that resulted in 70% 

loss of timber volume at the Harvard Forest. Through time stand biomass has steadily increased with 

red oak emerging as the dominant species. (b) Tree-ring analysis shows annual aboveground carbon 

increment of trees in the oak–maple-dominated Lyford Plot and EMS plots. Red oak dominated 

biomass increment at this site for the past >50 years, with minor contributions from red maple and A
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other species. There was a drought in the mid-1960s, and a severe gypsy moth defoliation in 1981.

Figure 5. Components of NPP at the Harvard Forest over time for hardwood-dominated plots: a) 

biomass increment (aboveground and coarse roots), SE of slope = 1.22, p < 0.001, Adj-r2= 0.07; b) 

foliar litter production, SE of slope = 0.37, p < 0.001, Adj-r2= 0.05; c) NPP combining woody 

increment aboveground, coarse root increment, and total litter production, SE of slope = 3.3, p = 

0.016, Adj-r2= 0.32. Data for total litterfall began in 1999 for the hardwood plots, which is why panel 

(c) shows data only from 2000–2014.

Figure 6. Components of NPP at the Harvard Forest over time for hemlock-dominated plots: a) 

biomass increment (aboveground and coarse roots); b) foliar litter production; c) NPP combining 

woody increment aboveground, coarse root increment, and total litter production. None of these 

showed a significant trend over time. Data for total litterfall began in 2005 for the hemlock plots, 

which is why panel (c) shows data only from 2006–2014.

Figure 7. Cumulative (a) and annual (b) net ecosystem production and its component fluxes Re (c) 

and GPP (d). Star symbols represent years during which hemlocks were in decline. The black lines in 

(b–d) represent the significant (solid) or non-significant (dashed) trends in increasing NEP, Re, and 

GPP with time at the EMS site (NEP: Adj-r2 = 0.06, p = 0.127; Re: Adj-r2 = 0.17, p = 0.026; GPP: 

Adj-r2 = 0.51, p < 0.001).

Figure 8. Notable features of the eddy-covariance and plant-area index data sets. July GPP as a 

function of photosynthetic photon flux density for the (a) HEM, (b) EMS, and (c) CC tower sites. The 

fitted lines model light-use-efficiency using Eq. 3. Data were averaged within 50 μmol photon m-2 s-1 

bins of PPFD. (d) The seasonal time course of LAI at the EMS site, and (e) median July mid-day GPP 

as a function of plant area index. Data from the HEM site are restricted to the time before clear sign of 

HWA-associated decline (2005–2012). The black line in (e) is the regression between CC-tower PAI 

and GPP.
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Figure 9. Relationship between (a) NEP and LUE (Adj-r2 = 0.13, p = 0.045), (b) GPP and Amax (Adj-

r2 = 0.20, p = 0.018), (c) NEP and PAI (Adj-r2 = 0.23, p = 0.035), and (d) NEP and red oak tree-ring-

based biomass increment (Adj-r2 = 0.35, p = 0.003) at the EMS site.

Figure 10. Median daily fluxes of C at the (a) EMS and (b) HEM sites. The data in this figure were 

first published in Giasson et al. (2013) but were updated through the end of 2015. Ecosystem 

respiration is based on new data from the two eddy-covariance tower sites. No additional soil 

respiration data have been collected since Giasson et al. (2013) and the time series is extended based 

on an empirical model fit between flux and soil temperature data collected between 1992 and 2010 

(see Figure A4 in Giasson et al. 2013). For the HEM site, data from the period during which hemlocks 

were declining (2013–2015) were not used. The shaded regions above and below the points reflect 1 

SD of the average daily flux across the 24- and 8-year records, respectively. Soil temperature was 

measured 20 cm below the soil surface at the EMS site and 10 cm below the surface at the HEM site. 

(c) The ratio of soil and total ecosystem respiration at the two sites. The median daily (d) ecosystem 

respiration, (e) soil respiration, and (f) aboveground respiration at the EMS and HEM sites. Open 

symbols represent the HEM site and closed symbols the EMS site. In (c), star symbols indicate years 

during which hemlocks were in decline.

Figure 11. Mean daily DBH increment (mm d-1), mean daily aboveground respiration (Rabove, g C m-2 

d-1), and plant area index (PAI, m2 m-2) at the EMS site for 1998–2003 and 2006. A total of 1320 trees 

(>5 cm DBH) of 16 species were measured 6–19 times per year.

Figure 12. Climate metrics at the Harvard Forest. Start and end dates of the growing season and the 

length of the growing season at the (a) EMS and (b) HEM eddy-covariance sites. All regressions for 

the EMS site are statistically significant (Adj-r2 = 0.15, p = 0.0351; Adj-r2 = 0.13, p = 0.0459; Adj-r2 

= 0.27, p = 0.0052 for the start, end, and length of the growing season, respectively). No regression 

was statistically significant at the HEM site (Adj-r2 = 0.03, p = 0.310; Adj-r2 = −0.09, p = 0.531; Adj-

r2 = −0.01, p = 0.368 for the start, end, and length of the growing season, respectively). The 95% 

confidence interval of the slopes are indicated. Solid lines show statistically significant relationships A
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and dashed lines insignificant ones.

Figure 13. Relationship between the date of the onset of the growing season and springtime NEP for 

the EMS (a) and HEM (b) sites. Also, relationship between the date of the end of the growing season 

and autumn NEP for the EMS (c) and HEM (d) sites. The onset of the growing season is defined as 

the first day of the year when daily NEP was above a threshold of 30% of the mean maximum daily 

NEP. Similarly, the last day when NEP was above the threshold was considered the end of the 

growing season. Spring is defined as March–May and autumn is September–November. Regressions 

are statistically significant (EMS-spring: Adj-r2 = 0.27, p = 0.006; EMS-autumn: Adj-r2 = 0.61, p < 

0.001; HEM-spring: Adj-r2 = 0.42, p = 0.049) except in the autumn at the HEM site (Adj-r2 = 0.02, p 

= 0.333). The 95% confidence interval of the slopes are indicated. Solid and dashed lines represent 

significant and insignificant relationships, respectively. 
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